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Organic aerosol (OA) is an important component of tropospheric fine aerosol, and 
can have a large influence on climate, visibility and human health. Secondary organic 
aerosol (SOA) often comprises a large fraction of the total OA, and is a major contributor 
to poor air quality in urban environments. However, due to the complexity of SOA, its 
sources, formation mechanisms, and some chemical and physical properties remain 
poorly understood. This thesis presents results from online and offline observations of 
ambient soluble fine aerosol chemical composition and physical properties, with the goal 
of better understanding the sources and formation of SOA in regions dominated by 
biogenic emissions (e.g., the southeastern U.S.) and anthropogenic emissions (e.g., the 
Los Angeles Basin).  
As part of the thesis work, 900 archived Federal Reference Method (FRM) filters 
from 15 sites over the southeast during the year of 2007 were analyzed for PM2.5 
chemical composition and physical properties. Secondary components (i.e. sulfate aerosol 
and SOA) were the major contributors to the PM2.5 mass over the southeast, whereas the 
contribution from biomass burning varied with season and was negligible (2%) during 
summer based on fire count data and levoglucosan concentrations. Excluding biomass 
burning influence, FRM water-soluble organic carbon (WSOC) was spatially 
homogeneous throughout the region, similar to sulfate, yet WSOC was moderately 
enhanced (27%) in locations of greater predicted isoprene emissions in summer. A 
Positive Matrix Factorization (PMF) analysis identified two major source types for the 




the WSOC was associated with brown carbon and oxalate. On smaller spatial scale, a 
substantial urban/rural gradient of WSOC (31%) was found through comparisons of 
online WSOC measurements at one urban/rural pair (Atlanta/Yorkville) in August 2008, 
indicating important contribution from anthropogenic emissions. The measured Atlanta 
urban excess, combined with the estimated boundary layer heights, gave an estimated 
Atlanta daily WSOC production rate in August of 0.55 mgC m-2 hr-1 between mid-
morning and mid-afternoon.  
A comparative study between Atlanta and LA reveals a number of contrasting 
features between the two cities, including gas-particle partitioning of WSOC and formic 
acid, as well as the light-absorbing properties of the soluble organic aerosols. WSOC gas-
particle partitioning, investigated through the fraction of total WSOC in the particle phase, 
Fp, exhibited differing relationships with ambient RH and organic aerosols in the two 
urban environments. In Atlanta, evidence for WSOC partitioning to aerosol water is 
observed throughout the day, but is most prevalent in the morning. During drier periods 
(RH<70%), Fp was in proportion to the organic mass, suggesting that both particle water 
and OA can serve as an absorbing phase. In contrast, despite the higher average RH, in 
LA the aerosol water was not an important absorbing phase, instead, Fp was correlated 
with OA mass. Particle water concentrations from thermodynamic predictions based on 
measured inorganic aerosol components do not indicate significant differences in aerosol 
hygroscopicity. In terms of light absorption, fresh LA secondary organic carbon had a 
consistent brown color and a bulk absorption per soluble carbon mass at 365 nm that was 
4 to 6 times higher than freshly-formed Atlanta soluble organic carbon. The chemical 




of LA brown SOA. Interpreting soluble brown carbon as a property of freshly-formed 
anthropogenic SOA, the difference in absorption per carbon mass between these two 
cities suggests most fresh secondary water-soluble organic carbon formed within Atlanta 
is not from an anthropogenic process similar to LA. 
The observed differences in WSOC partitioning behaviors and SOA optical 
properties may be attributed to the contrasting volatile organic compounds (VOC) 
mixture between the two cities, i.e. the predominance of anthropogenic precursors in LA 
and the uniquely abundant biogenic emissions in Atlanta. In addition, different organic 
aerosol composition may also play a role, as Atlanta OA is expected to have a 
substantially more aged regional character. The findings of this work have significantly 
contributed to the current state of knowledge regarding SOA sources, formation pathways 
and properties, provide fundamental information for SOA modeling efforts, and have 













1.1 Organic aerosols in the atmosphere 
Atmospheric aerosols can absorb and scatter solar radiation and consequently 
have a significant direct impact on global climate and regional radiative forcing. 
Additionally, aerosols have a substantial but highly uncertain indirect effect as they can 
serve as cloud condensation nuclei (CCN), modify cloud albedo and lifetime, and thereby 
affect the Earth’s radiation budget [IPCC, 2007]. Particulate matters with an aerodynamic 
diameter less than 2.5 µm (PM2.5) have an adverse effect upon human health [Seagrave et 
al., 2006]. These particles are small enough to penetrate deep into the lungs of people and 
often contain toxic compounds such as heavy metals and polycyclic aromatic 
hydrocarbons (PAHs) [Lighty et al., 2000]. Epidemiology studies have shown that fine 
particles result in more respiratory diseases and premature death than do larger particles 
[Dockery et al., 1993; Schwartz et al., 1993]. 
Organic aerosols (OA) are major components of tropospheric fine aerosols, 
contributing ~20-50% to the total PM2.5 mass at continental mid-latitudes [Saxena and 
Hildmann, 1996] and as high as 90% in tropical forested areas [Roberts et al., 2001]. 
Organic compounds that are directly emitted into the atmosphere in the particle phase are 
referred to as primary organic aerosols (POA). The sources of POA include biomass 
burning, fossil fuel combustion, cigarette smoking, food cooking and primary biogenic 
aerosols [Kanakidou et al., 2005 and references therein]. Organic aerosols that are 




processes and subsequent condensation onto existing particles are referred to as 
secondary organic aerosols (SOA). SOA often comprise a large fraction of the total OA 
[Zhang et al., 2007], and are major contributors to poor air quality in urban environments 
[Docherty et al., 2008; de Gouw and Jimenez, 2009], especially during summer when 
more intensive photochemical processes lead to highly oxidizing conditions. The 
precursor volatile organic compounds (VOCs) of SOA are derived from a variety of 
natural and anthropogenic sources, including biogenic hydrocarbons, such as isoprene 
[Kroll et al., 2006], monoterpenes [Hoffmann et al., 1997; Ng et al., 2007] and 
sesquiterpenes [Cahill et al., 2006], as well as aromatic compounds [Odum et al., 1997] 
and possibly a host of other unidentified semi-volatile organic species from 
anthropogenic emissions [Robinson et al., 2007; de Gouw et al., 2011]. 
On a global scale, bottom-up models estimate total biogenic SOA fluxes of 12-70 
Tg yr-1, approximately 5-6 times large than the estimated anthropogenic SOA fluxes (2-
12 Tg yr-1) [Kanakidou et al., 2005; Henze et al., 2008; Hallquist et al., 2009], indicating 
the important contribution from biogenic emissions globally. Anthropogenic SOA 
contributes up to 65% of the total SOA mass in the north hemisphere in winter and 
contributes less than 15% during summer when biogenic VOC emissions were large 
[Tsigaridis and Kanakidou, 2003]. However, recent field observations show that the 
anthropogenic SOA has been underestimated by the model estimates over a factor of 10 
[de Gouw et al., 2005; Volkamer et al., 2006], likely due to the missing anthropogenic 
SOA precursors as well as the highly uncertain SOA yields reported by chamber studies. 
In addition, a number of ambient studies have reported enhancement of biogenic SOA 




Spracklen et al., 2011; Worton et al., 2011; Setyan et al., 2012], which adds one more 
degree of uncertainty to the complex SOA chemistry.  
1.2 Formation of secondary organic aerosols 
The global SOA budget is highly uncertain due to current understanding of 
emission inventories and chemistry. Recent field observations reported unexpected high 
SOA loadings in the ambient air that cannot be explained by current models [de Gouw et 
al., 2005; Volkamer et al., 2006]. Top-down estimates based on mass balance of VOCs 
suggest a global SOA source ranging from 120-1820 Tg yr−1, roughly an order of 
magnitude larger than bottom-up estimates using VOC emission inventory and their 
particulate mass yields determined in the laboratory [Spracklen et al., 2011]. Some of the 
uncertainty in the SOA budget and the discrepancy between model simulation and field 
observations are due largely to the incomplete understanding of the SOA formation 
mechanisms. 
SOA formation is generally thought to occur through gas-particle partitioning of 
semi-volatile organic compounds (SVOCs) formed by the gas-phase oxidation of VOCs 
[Seinfeld and Pankow, 2003]. Results from chamber experiments suggest that the 
partitioning of SVOCs is highly dependent on the quantity of pre-existing OA mass [e.g., 
Odum et al., 1996]. The observed SOA mass in chambers has been well described by an 
equilibrium absorptive partitioning model [Pankow, 1994], although the system may not 
be in equilibrium and thus may be kinetically-controlled under certain conditions 
[Perraud et al., 2012]. However, it has been challenging to extend this model to the 




physiochemical properties [Hallquist et al., 2009]. Model simulations that incorporate 
SOA formation from traditional VOC precursors represented by absorptive partitioning to 
OA tend to significantly underestimate ambient SOA mass by up to an order of 
magnitude in polluted regions [de Gouw et al., 2005; Heald et al., 2005; Volkamer et al., 
2006]. Newer models including primary SVOC and intermediate volatility species 
(IVOC) result in much improved predictions, but it is unclear whether this is for the right 
reasons [Hodzic et al., 2010; Dzepina et al., 2011].   
A growing body of evidence indicates that reactions in the atmospheric aqueous 
phase are important contributors to aerosol formation and can help explain observations 
that cannot be accounted for using traditional gas-phase chemistry. For example, the 
presence of the high-molecular-weight compounds (i.e. oligomers, humic-like 
substances) in ambient particles [Surratt et al., 2007; Stone et al., 2009] and the higher 
oxygen-to-carbon (O:C) ratio observed in the ambient air relative to chamber 
experiments [Aiken et al., 2008; Ng et al., 2010] may be explained by an aqueous phase 
oxidation process [Ervens et al., 2011]. Furthermore, there is evidence that absorptive 
partitioning to particle water can lead to SOA formation [Blando and Turpin, 2000; 
Volkamer et al., 2009]. Gas-phase water-soluble organic species (e.g., glyoxal and 
methylglyoxal) have been shown to undergo heterogeneous oxidation in the aqueous 
phase leading to reduced vapor pressures and SOA [Volkamer et al., 2007; Ervens and 
Volkamer, 2010; Lim et al., 2010]. Recent studies suggest that the mass of SOA formed 
through this mechanism may be substantial [Hennigan et al., 2008a; Chang et al., 2009; 
Parikh et al., 2011].   




situ observations is the formation of SOA from precursors that are not traditionally 
considered. For example, recent laboratory work have demonstrated that isoprene-derived 
epoxydiols (IEPOX) formed from the photooxidation of isoprene under low-NOx 
conditions are likely the key intermediates in the formation of isoprene SOA, and these 
IEPOX and IEPOX-derived SOA constituents have been identified in the ambient aerosol 
samples collected in the southeastern U.S. [Chan et al., 2010b; Lin et al., 2012]. Besides, 
Robinson et al. [2007] propose that some fraction of POA evaporates upon dilution with 
ambient air and these organic vapors subsequently undergo oxidation and re-partition to 
the aerosol phase and form SOA. In environmental chamber experiments, Robinson et al. 
[2007] found that taking into account the SOA mass formed from SVOCs and IVOCs 
could bring the model predictions to much better agreement with observations. Likewise, 
results from regional [Hodzic et al., 2010] and global [Pye and Seinfeld, 2010] modeling 
studies have also shown the important potential role of S/IVOC chemistry in the SOA 
budget. Most recently, evidence of significant contribution of IVOCs to SOA formation 
was observed in the atmosphere. de Gouw et al. [2011] found that C14 to C16 
hydrocarbons were the major precursors of the SOA observed downwind from the 
Deepwater Horizon oil spill. However, the molecular structure of these hydrocarbon 
compounds remains unclear and in-situ measurement data of S/IVOCs under ambient 
condition are still quite sparse due to measurement limitation. Laboratory chamber 
studies on S/IVOCs have been limited to single surrogate compounds whereas most of 
the IVOC species remain in the “unresolved complex mixture” [Robinson et al., 2007]. 
The contribution from evaporation of POA followed by re-condensation of these 




emissions from diesel exhaust and wood smoke are abundant.  
 
Figure 1.1 Annual mean temperature anomalies over 1901-2005. Figure courtesy: U. S. 
EPA and data courtesy: NOAA’s National Climatic Data Center. Figure is downloaded 
from: (http://www.epa.gov/climatechange/science/recenttc.html). 
1.3 Regions of interest 
SOA formation in urban atmospheres has received extensive attention in the past 
years and has been investigated through multiple field studies conducted in major urban 
areas around the world [e.g., de Gouw et al., 2008; Aiken et al., 2009; Williams et al., 
2010; Stone et al., 2010; Hersey et al., 2011]. In this work, online and offline 




two regions in the United States, the southeast and the Los Angeles Basin along the west 
coast, to understand the sources and formation processes of ambient secondary organic 
aerosols. These two regions were chosen due largely to their distinctly different 
meteorology, topography, and population density, as well as the emissions of SOA 
precursors.  
Much of the thesis work is focused on characterizing the sources and formation of 
fine aerosols in the southeastern United States. The southeast has a generally rural 
environment interspersed with a number of urban areas, where, including the Atlanta 
metropolitan area, the fine particle (PM2.5) National Ambient Air Quality Standards 
(NAAQS) are often exceeded [Cohan et al., 2007]. On the other hand, the U.S. EPA 
reported that the annual mean temperature anomalies over the southern and southeastern 
U.S. in the past century (1901 to 2005) were significantly lower than other parts of the 
country (Figure 1.1). Meanwhile, Portmann et al. [2009] showed that changes in regional 
climate over the 20th century were most pronounced over the southern U.S.. Previous 
studies based on in-situ and satellite observations of aerosol optical depth suggest that 
aerosols over these regions may be the cause. The direct effects of aerosols on radiative 
forcing are estimated to produce a summertime cooling of -11 ± 6 W m-2 [Carrico et al., 
2003] in urban Atlanta, and a greater radiative cooling of -3.9 W m-2 in summer than in 
winter over the entire southeastern U.S. [Goldstein et al., 2009]. These estimates are 
significant compared to the global mean CO2 radiative forcing of 1.66 W m-2 and the 
global mean aerosol direct radiative forcing of -0.5 ± 0.4 W m-2 [IPCC, 2007]. This 
substantial cooling haze over the southeast is thought to be largely from secondary 




U.S. has the highest predicted biogenic emission (e.g., isoprene and monoterpenes) of 
northern mid-latitudes, with significant amount of anthropogenic emissions from mobile 
sources in large urban areas like Atlanta. In addition, emissions from frequent wildfires 
and prescribed burnings in spring and residential wood burning in winter are also 
important contributors to ambient fine aerosols in this region. For these reasons, the 
southeastern U.S. is ideal to study biogenic-anthropogenic interactions, given the 
proximity of natural emissions with a variety of anthropogenic pollution sources, and has 
been a focus area in many ambient studies in the past. 
The Los Angeles area has long suffered from heavy air pollution and is 
considered a laboratory for air quality studies. Despite decades of aggressive emission 
controls, the LA area is still among the most polluted regions in the U.S., with the annual 
PM2.5 averages regularly exceeding the national standard during the past decade [CARB, 
2010]. Multiple ground-based [Croes and Fujita, 2003; Docherty et al., 2011; Hersey et 
al., 2011] and airborne [Jacob et al., 2010] field campaigns have been carried out in the 
LA Basin, aiming to characterize aerosols in this area. The CalNex 2010 (California 
Research at the Nexus of Air Quality and Climate Change) field study was undertaken in 
the LA Basin and the central valley during May to July 2010, with one goal being to 
better understand the sources and formation processes contributing to regional SOA 
loading. The metropolitan Los Angeles (LA) is one of the largest urban centers in the 
United States, spanning a land area of approximately 12,600 km2 that includes a 
population of over 17 million people (2010 United States Census). SOA is a major source 
of LA fine particle mass and is formed mainly from anthropogenic emissions in this area 




Hayes et al., 2012]. Compared to LA, the Atlanta metropolitan region has a significantly 
lower population density, with 5.3 million people (2010 United States Census) spread 
across an area of 21,700 km2. Urban Atlanta also has substantial summertime SOA 
production [Lim and Turpin, 2002], but with important contributions from both biogenic 
and anthropogenic emissions [Weber et al., 2007; Goldstein et al., 2009].  
Due to the significant differences in the emissions of SOA precursors as well as 
the general meteorology and geography between these two environments, a comparative 
study utilizing novel measurements of SOA and its components will provide valuable 
insight and facilitate the understanding of SOA sources and formation processes, which 
will also have important implications on the control strategies and regulation of fine 
aerosols in areas under similar conditions. 
1.4 Motivation and scope of this work 
This dissertation investigates several important aspects of aerosols in the ambient 
environment, with a particular focus on the sources, formation and properties of SOA in 
the southeastern United States. Specific questions that will be addressed in this work 
include: 
• Can levoglucosan and water-soluble potassium be used as robust biomass 
burning tracers? How much does biomass burning emission contribute to 
ambient PM2.5 in different seasons over the southeastern U.S.? 
• What are the major sources of SOA in the southeast? To what extent does 
anthropogenic pollution impact biogenic SOA formation? 




formation of SOA? 
• Is aqueous chemistry an important SOA formation route in the southeast 
and LA?  
Through conducting online and offline ambient measurements of gas-phase 
species and soluble PM2.5 components, this study addresses the essential scientific 
questions listed above by providing detailed analyses and thorough discussions on the 
observational results. Specifically, this thesis evaluates and validates the use of 
levoglucosan as a biomass-burning tracer, and based on this finding, estimates the 
contribution of biomass burning to ambient PM2.5 level over the southeast through 
covariance analysis (Chapter 2). Using WSOC as a quantitative measure of SOA, this 
work characterizes the regional nature of SOA through analysis of spatial and temporal 
distributions of WSOC, and highlights the important roles of both biogenic and 
anthropogenic emissions in SOA formation over the southeast region and estimates an 
urban Atlanta WSOC production rate based on simultaneous online measurements at an 
urban/rural paired sites (Chapter 3). Through a comparative study of WSOC light-
absorbing properties (Chapter 4) and gas-particle partitioning behaviors (Chapter 5) in 
Atlanta and LA, the latter being a typical urban environment predominately influenced by 
anthropogenic emissions, it is concluded that much of the observations in the 
southeastern U.S., including the weakly-absorbing fresh SOA components and the clear 
dependence of WSOC partitioning on aerosol liquid water, can be attributed to unique 
VOC emissions (i.e. dominated by biogenic emission with considerable amount of 





BIOMASS BURNING IMPACT ON AMBIENT PM2.5 OVER THE 
SOUTHEASTERN UNITED STATES  
 
2.1 Background 
Biomass burning is a major source of ambient PM2.5 (particulate matter with 
aerodynamic diameter less than 2.5µm) and has significant impacts on human health 
[Lighty et al., 2000], regional to global air quality [Lelieveld et al., 2001] and climate 
[Penner et al., 1992; Hobbs et al., 1997]. Numerous studies have attempted to assess the 
impact of biomass burning on local and regional PM2.5 concentrations. Typically, either 
source-oriented or receptor-oriented methods are used to quantify biomass burning 
contributions. Source-oriented approaches use chemical transport models (CTMs) to 
simulate the emissions from biomass burning sources, but are limited by large 
uncertainties in fire emission inputs [Zeng et al., 2008; Tian et al., 2009]. Receptor-
oriented approaches quantify source contribution through measurements of specific 
marker species for biomass burning [e.g., Schauer et al., 1996; Rogge et al., 1998; 
Schauer and Cass, 2000; Zheng et al., 2002] and have been used more widely. 
A number of chemical species have been used as particle-phase biomass burning 
emission tracers. Water-soluble potassium (K+) has been used extensively as an inorganic 
tracer to apportion biomass burning contributions to ambient aerosol [Ramadan et al., 
2000; Kim et al., 2003a, b; Ma et al., 2003; Liu et al., 2005; Lee et al., 2008]. K+ is not an 
ideal tracer as it has other sources, such as sea salt and soil dust [Wang et al., 2005; 




non-sea-salt non-dust K+ [Cachier et al., 1991; Puxbaum et al., 2007; Pio et al., 2008], 
but this requires knowledge of the source characteristics and an assumption that they are 
invariant among different locations and seasons. Organic compounds are the largest 
component produced from fires and there are specific compounds found to be exclusively 
emitted from biomass burning. The most commonly used organic tracer is levoglucosan, 
a sugar anhydride produced during the combustion of cellulose [Simoneit et al., 1999; 
Puxbaum et al., 2007; Zheng et al., 2007; Sullivan et al., 2008].  
PM2.5 concentrations are high in the southeastern U.S. [Goldstein et al., 2009] and 
the impact of biomass burning emissions in this region has been extensively studied 
[Tanner et al., 2004; Liu et al., 2005; Zheng et al., 2006, 2007; Lee et al., 2008; Zeng et 
al., 2008; Tian et al., 2009; Yan et al., 2009]. Zeng et al. [2008] suggested that prescribed 
fire emissions can result in a daily increase of PM2.5 mass up to 25 µg m-3, leading to 
PM2.5 nonattainment in regions affected by the fires. Tian et al. [2009] attributed 55% 
and 80% of PM2.5 to prescribed burning in January and March of 2002, respectively. 
Receptor model studies using levoglucosan as a biomass-burning tracer suggested that 
wood burning is the dominant contributor (9-51%) to OC and one of the major sources of 
PM2.5 at several urban and rural sites in the southeast during September 2003 and January 
2004 [Zheng et al., 2006, 2007]. Using both PMF and CMB receptor models and K+ as a 
tracer, Lee et al. [2008] attributed 5-20% of the PM2.5 mass to biomass burning emissions 
at four sites in Georgia and Alabama from January 2000 to December 2002.  
These previous studies indicated that biomass burning is a major PM2.5 source 
with contributions that vary with seasons; however, they are based on data for only a few 




burning emissions and tracer concentrations. In this study, an extensive data set of PM2.5 
mass concentrations and chemical speciation was generated from archived FRM filters 
acquired from state regulatory agencies for the year of 2007. This study compares K+ and 
levoglucosan as biomass-burning tracers and employs a PMF analysis to quantify average 
mass contributions from biomass burning and other sources over the southeastern U.S. 
throughout 2007. 
2.2 Experimental methods 
2.2.1 FRM filter sampling 
State agencies use an EPA Federal Reference Method (FRM) to determine 
ambient PM2.5 mass at sites throughout the country to assess compliance with National 
Ambient Air Quality Standards (NAAQS). Once mass has been determined 
gravimetrically, the filters are stored and are eventually discarded. For this study, 
archived FRM filters that had been in storage (in the dark at a T < -20°C) for roughly a 
year were acquired from state regulatory agencies in Georgia (GA Department of Natural 
Resources), South Carolina (SC Department of Health and Environmental Control) and 
Alabama (AL Department of Environmental Management and the Jefferson Co. 
Department of Health). The FRM method for collecting ambient fine particles onto 
Whatman 47 mm Teflon filter substrates involved 24-hour integrated sampling at a 
nominal flow rate of 16.7 L/min with PM2.5 sharp cut cyclone size selector or PM2.5 
WINS impactor and with no gas-denuders [Patashnick et al., 2001]. Fifteen sampling 
sites throughout the southeastern U.S. were chosen within the EPA FRM monitoring 
network, on the basis of geographic location, site type (i.e. urban and rural) and source 




lists the sites, and their locations are shown in Figure 2.1. A subset of all field samples 
corresponding to a one-in-six-day sampling schedule produced 60 filters for analysis per 
site and a total of 900 filters. In addition to these filters, a series of field blanks (36 filters) 
and replicated filters (43 filters) were included for quality control.  
Table 2.1 Locations and types of the FRM sampling sites in this study. 
No. State City Site name Latitude Longitude Type 
1 GA Decatur South Dekalb* 33.6881 -84.2902 Urban 
2 GA Rome Rome* 34.2611 -85.3230 Urban 
3 GA Augusta AUG-BRS* 33.4339 -82.0224 Urban 
4 GA Macon Macon* 32.7773 -83.6412 Urban 
5 GA Yorkville Yorkville 33.9285 -85.0453 Rural 
6 GA Sandersville Sandersville 32.9747 -82.8089 Rural 
7 GA Columbus COL-CRS* 32.4309 -84.9318 Urban 
8 GA Athens ATNS-UGA* 33.9179 -83.3446 Urban 
9 AL Birmingham N'BHM* 33.5530 -86.8149 Urban 
10 AL Wylam Wylam 33.4997 -86.9241 Urban 
11 AL Providence Providence 33.4596 -87.3055 Rural 
12 AL Ashland Ashland 33.2849 -85.8036 Rural 
13 AL Crossville Crossville 34.2886 -85.9699 Rural 
14 SC Long Creek Long Creek 34.8053 -83.2377 Rural 
15 SC Trenton Trenton 33.7400 -81.8536 Rural 
* Sampling stations with co-located EPA Speciation sites. 
2.2.2 Chemical analyses 
This suite of filters was extracted in water and a number of chemical components 
and physical properties were quantified. Each archived FRM Teflon filter was placed in a 
pre-cleaned 30 mL Nalgene amber HDPE bottle and extracted with 30 mL of 18-MΩ 
Milli-Q water via 30-minute sonication. The liquid extract was then filtered using a 0.45 
µm PTFE syringe filter and transferred to a separate pre-cleaned 30 mL Nalgene amber 
bottle. Various chemical analyses were performed on aliquots from these bottles, which 
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Figure 2.1 Map of the EPA FRM and co-located Speciation sampling sites used in this 
study. Site names and locations are given in Table 2.1. 
For each species quantified, overall uncertainty was determined based on a sum of 
squares that included measurement uncertainties (e.g., liquid extraction volumes, etc.), 
variability in calibrations performed throughout the analyses of all 900 filters, variability 
in field blanks and water blanks, and precision based on variability of a standard placed at 
intervals of every tenth sample throughout the sample queues. 
Water-soluble organic carbon (WSOC) in the extract was quantified using a 
Sievers Model 800 Turbo Total Organic Carbon analyzer (GE Water Systems, Boulder, 




series of sucrose standards (N=5, linear regression r2=0.9998; variability in slope based 
on three separate calibrations throughout the analysis period was ~3%). The method limit 
of detection (LOD) of 0.33 µg Carbon m−3 (µg C m−3) for WSOC was estimated by three 
times the standard deviation of field blanks, translated to ambient air concentration 
assuming, in all cases, a flow rate of 16.7 L/min and 24 hour sampling period. Overall 
measurement uncertainty was 9%. 
High-performance anion-exchange chromatography with pulsed amperometric 
detection (HPAEC-PAD) was utilized to quantify various carbohydrate compounds, 
including levoglucosan. This technique involved a Dionex DX-500 series ion 
chromatograph coupled with Dionex ED 50 electrochemical detector with a gold working 
electrode operating in integrating amperometric mode, and a Dionex CarboPac PA-1 
anion-exchange column with gradient elution of 200 mM NaOH at a flow rate of 0.5 mL 
min-1. The elution profile was as follows: 0-8 min, isocratic elution with 10 mM NaOH; 
8-25 min, linear gradient elution from 10 mM to 60 mM NaOH; 25-38 min, column 
cleaning step with 180 mM NaOH; and 38-56 min, column re-equilibration step with 10 
mM NaOH. Detailed descriptions of eluent preparation, peak detection and calibrations 
of HPAEC-PAD have been presented elsewhere (Engling et al., 2006; Sullivan et al., 
2008). Calibrations were based on serial dilutions from a stock solution made by 
dissolving individual compounds in solid form (purchased from Sigma-Aldrich) with 
Milli-Q water. The LOD for the various carbohydrates was estimated at 6 ng m-3 and the 
overall measurement uncertainty for levoglucosan was 21%. Previous studies have found 
that the peaks of levoglucosan and arabitol, a sugar alcohol from fungal spores, cannot be 




as a result the integrated peak area of levoglucosan was corrected for this interference by 
arabitol. Ambient mannitol and arabitol concentrations correlate well and a ratio of 1.5 
between the two has been obtained in PM10 samples (Bauer et al., 2008). Since mannitol 
can be quantitatively measured with the CarboPac PA-1 column, the arabitol 
concentration was determined by dividing mannitol by 1.5. The peak area of arabitol was 
then calculated and subtracted from the levoglucosan peak area. This correction adds 
uncertainty to the measured levoglucosan concentration, as using a uniform conversion 
factor from mannitol to arabitol assumes a same mannitol/arabotol ratio for PM2.5 
samples and does not necessarily reflect the varied ratio as a function of physical 
environments (i.e. temperature), aerosol sources, etc. This uncertainty is larger in summer 
(can be on order of 25%) when levoglucosan concentrations are typically low than in 
winter when levoglucosan is most abundant (on order of 3%) (Figure 2.2).  
 
 




To validate the HPAEC-PAD method, levoglucosan concentrations were 
determined via independent GC-MS measurements [Zheng et al., 2006] from a series of 
quartz fiber filters (N=33) collected from May. 2004 to Apr. 2005. A portion of the same 
filters was extracted in water and levoglucosan was measured by HPAEC-PAD following 
the method described above. The two datasets showed good agreement, with a linear 
regression r2 of 0.92, and a zero intercept regression slope of 1.09±0.04 (± one STD). No 
significant underestimation by the HPAEC-PAD method due to arabitol correction was 
found. On average levoglucosan concentrations determined by HPAEC-PAD for the 
summertime filters were 14% lower than those determined by GC-MS.  
Water-soluble anions (chloride, nitrate, sulfate and oxalate) and cations (sodium, 
ammonium, potassium, magnesium and calcium) were quantified on a dual channel 
Dionex DX-500 Ion Chromatograph with suppression and conductivity detection, 
employing a Dionex AS11-HC anion column and Dionex CS12A cation column. 
Calibrations were based on NIST traceable liquid standards. Measurement uncertainties 
were 40% for Na+, 28% for NH4+, 63% for Mg2+, 17% for K+, 7% for SO42- and 36% for 
oxalate. Ca2+ uncertainty was 755%, which was subsequently found to be due to a 
contaminated DI water supply. Thus, Ca2+ results are not reported. Instead, Mg2+ is used 
as a mineral dust indicator in the following analysis. LODs for the ions were in the range 
of 0.01 (K+) to 0.1 (SO42-) µg m-3. 
The UV-Vis light absorption spectra for the liquid extracts were determined with 
a 1-m path-length Liquid Waveguide Capillary Cell (LWCC-2100, World Precision 
Instrument, Sarasota, FL) to investigate the link between brown carbon and biomass 




investigating brown carbon sources, based in part on the FRM filters used in this work. 
Briefly, the method involved injecting 1 mL of FRM-filter extract through the LWCC via 
a syringe pump (Klohn, LTD; Las Vegas, NV). The absorption spectra between 
wavelengths of nominally 200 and 800 nm was saved 30 seconds after the sample entered 
the LWCC. After each measurement, the LWCC was flushed thoroughly with 1 mL of 
0.6 N HCl and 3 mL of Milli-Q DI water, and the baseline was re-zeroed with reference 
to 18-MΩ Milli-Q water. The absorption was determined using the ratio of transmitted to 
incident light intensity following Beer’s Law, such that the absorption is linear with the 
absorbers concentration and mass absorptivity, and LWCC path length (~1 m). We used 
the product of all three since in our samples the mass absorptivities were unknown. In 
this study, the average absorption between wavelengths 360 and 370 nm (bap365, in units 
of m−1, see Equation 1 and 2 in Hecobian et al. [2010]) was used as a measure of brown 
carbon.   
PM2.5 mass concentrations were determined gravimetrically by each of the three 
state regulatory agencies following their protocols. It is important to note that FRM 
Teflon filters are not designed for PM2.5 composition measurements. Although Teflon 
filters are known to be relatively inert to gas absorption, the un-denuded sampling 
method may contribute to positive artifacts. Furthermore, this sampling method and the 
yearlong storage of the Teflon filters may also lead to loss of semi-volatile components 
[Watson et al., 2009]. Effort has been made to estimate these semi-volatile components 
retained on FRM Teflon filters [Frank, 2006]. In this paper, known semi-volatile species 
such as nitrate are not discussed, and the reported WSOC and other components 




species associated with ambient PM2.5.   
To assess the quality of the FRM filter data, the results were compared to a 
number of components, i.e. PM2.5 mass, NH4+, K+, and SO42-, from seven co-located EPA 
Speciation sites (South Dekalb, Rome, Macon, AUG-BRS, COL-CRS, ATNS-UGA and 
N’BHM; see Table 2.1), where the chemical analyses were done through Research 
Triangle Institute on nylon filters and were completely independent of the FRM data. The 
results are shown in Figure 2.3. All components show good agreement between the two 
types of filters, with linear regression slopes from 0.88 to 1.15. It is noteworthy that the 
Speciation NH4+ concentrations were on average 15% higher than the FRM NH4+ 
concentrations (a slope of 1.15), reflecting possible loss of semi-volatile NH4+ associated 
with NO3- from the FRM filters. 
2.2.3 MODIS fire counts 
Fire counts detected by remote sensing have been used to examine seasonal 
biomass burning emissions [Eva and Lambin, 1998; Duncan et al., 2003; Zeng et al., 
2008]. In this work, MODIS fire count data from the NASA Aqua satellite [Giglio et al., 
2003] were used as a measure of outdoor biomass burning over the southeast in 2007. 
The data set had a horizontal resolution of 1 km × 1 km, and a time resolution of 1 day. 
The sum of fire counts in each month was used to investigate monthly and seasonal 
variations. Fire counts for seven states were used, including the three states in which our 
sampling sites were located and four other surrounding states to ensure that all possible 
biomass burning source regions were considered. An analysis of fires over continental 








Figure 2.3 Intercomparison of PM2.5 mass, K+, NH4+, SO42- concentrations (in µg m-3) 
between seven co-located EPA FRM and Speciation sites. FRM K+, NH4+ and SO42- are 
from the methods used in the analysis of all sites presented in this study. In all cases 
N=420. 
2.2.4 Positive Matrix Factorization (PMF) source apportionment 
A PMF analysis on the chemical and physical data was used to quantify 




concentrations. Detailed information on EPA-PMF (v3.0) can be found on U.S. EPA 
website (http://www.epa.gov/heasd/products/pmf/pmf.html). Two datasets, (i.e. a 
concentration/physical property dataset and an uncertainty dataset) are required for PMF 
input. PMF is able to identify underlying covariance among chemical or physical 
parameters. While most previous PMF source apportionment studies use concentrations 
of chemical species as objects for analysis, in this work, along with chemical species 
(WSOC, Na+, NH4+, K+, Mg2+, SO42-, oxalate, xylose, and levoglucosan), the UV-Vis 
light absorption data at 365nm (bap365) from the FRM filter water-extract were also 
incorporated, as light absorption is an important aerosol property dependent on source 
and composition of the aerosols [Andreae and Gelencser, 2006]. Data from the 15 
sampling sites on each sampling date were merged to form the concentration dataset. 
Considering potentially different source types for urban and rural sites, PMF analysis was 
also performed separately using two datasets from urban and rural sites, and the results, 
i.e. source composition profiles and contributions, showed little difference from those 
discussed in Sect. 2.3.3. Missing values for each component were replaced with the mean 
concentration of this component, and values below the LOD were replaced with half of 
the detection limit of the corresponding component [Polissar et al., 1998], ensuring that 
all values were positive. The uncertainty for each component was determined based on 
the methods discussed in Sect. 2.2.2. For missing data points and values below the LOD, 
the uncertainties were assigned as 4 and 5/6 times the concentration values, respectively 
[Polissar et al., 1998]. Numerous PMF runs were performed with 3-7 factors and various 
combinations of the concentration and absorption data set. Based on Q values (the 




factors appeared to be the optimal solution. The model output files include factor profiles, 
relative factor contributions and residuals (unexplained fractions). 
In order to quantify the contribution to PM2.5 mass from each factor-related 
source, multivariate linear regression (MLR) analysis was performed to scale relative 
factor contributions to the measured total PM2.5 mass. Light absorption data were not 
included in the regression analysis since it is not a mass concentration measurement.  
2.3 Results and discussion 
2.3.1 Spatiotemporal variations of levoglucosan and water-soluble potassium (K+) 
The 12 months of 2007 were separated into four seasons as: January, February 
and December (winter); March, April and May (spring); June, July and August (summer); 
September, October and November (fall). Table 2.2 presents the annual and seasonal 
mean concentrations of levoglucosan and K+, together with those of PM2.5 mass, water-
soluble organic carbon (WSOC), ammonium (NH4+), sulfate (SO42-), oxalate and xylose. 
Figure 2.4 shows the seasonal mean concentrations of levoglucosan and K+ at each site.  
Table 2.2 Annual and seasonal mean concentrations (± STD) of measured PM2.5 
components from FRM filters.  
Component Unit Annual Winter Spring Summer Fall 
PM2.5 µg m-3 15.56 ± 8.67 11.68 ± 6.25 17.33 ± 11.19 19.17 ± 7.87 13.61± 5.74 
WSOC µgC m-3 2.07 ± 1.53 1.45 ± 1.01 2.47 ± 2.22 2.58 ± 1.21 1.70 ± 0.83 
NH4+ µg m-3 1.40 ± 0.71 1.06 ± 0.61 1.39 ± 0.63 1.78 ± 0.79 1.36 ± 0.63 
K+ ng m-3 53.7 ± 104.1 45.0 ± 32.1 55.6 ± 51.8 70.8 ± 194.8 42.9 ± 46.2 
SO42- µg m-3 4.43 ± 2.99 2.60 ± 1.90 4.24 ± 2.40 6.41 ± 3.68 4.38 ± 2.46 
Oxalate ng m-3 136.0 ± 91.3 82.6 ± 57.2 172.4 ± 110.5 173.2 ± 85.6 108.3 ± 59.5 
Levoglucosan ng m-3 107.5 ± 221.9 169.9 ± 180.3 180.3 ± 339.2 18.7 ± 44.7 55.7 ± 134.7 






In general, levoglucosan concentrations obtained in this study were comparable 
with those in previous studies in the same region [Zheng et al., 2007; Ding et al., 2008], 
but were considerably higher than those at other locations in the U.S., such as Pittsburgh, 
PA (annual mean at ~21 ng m-3) [Robinson et al., 2006], suggesting much larger impact 
from biomass burning in the southeast. The annual mean concentration of levoglucosan 
for all sampling sites was 107.5 ng m-3 (Table 2.2). Clear seasonal variations of 
levoglucosan concentrations were observed, with significantly higher concentrations in 
spring and winter and minimum levels in summer. Mean concentrations for spring and 
winter were 180 ng m-3 and 170 ng m-3, respectively; whereas the mean summer 
concentration was only 19 ng m-3, which is within the range of levels (5 to 52 ng m-3) 
reported by Puxbaum et al. [2007] at six background stations in Europe. Significantly 
enhanced levoglucan concentrations at several sites were detected for several days in 
spring. For instance, 2,950 ng m-3 of levoglcusoan was recorded at the Macon site on 
May 12, almost 2 orders of magnitude higher than the level observed six days before (31 
ng m-3). Similarly, on May 30, levoglucosan concentrations at COL-CRS, N’BHM, 
Wylam, Ashland and Providence all exceeded 1,000 ng m-3, much higher than those at 
other sites on the same day (3.93-346 ng m-3). Such unusual levoglucosan concentrations 
at these sites were due to significant but sporadic impacts from unique wildfire events in 
spring of 2007. Extensive wildfires started in the Okefenokee Swamp in southern 
Georgia/northern Florida in April and spread across Georgia and adjacent states during 







































































































































































































































































































































































Winter (J, F, D) Spring (M, A, M) Summer (J, J, A) Fall (S, O, N)
Urban: 52.6 ng m-3
Rural: 42.2 ng m-3
Urban: 67.1 ng m-3
Rural: 36.0 ng m-3
Urban: 102.9 ng m-3
Rural: 39.7 ng m-3
Urban: 52.8 ng m-3
Rural: 30.6 ng m-3
(b)
(a)
Rural: 132.3 ng m-3
Urban: 204.5 ng m-3 Urban: 213.8 ng m-3
Rural: 145.9 ng m-3
Urban: 11.9 ng m-3
Rural: 25.7 ng m-3
Urban: 67.7 ng m-3
Rural: 43.1 ng m-3
 
Figure 2.4 Seasonal (Winter, Spring, Summer, Fall) variations of levoglucosan (a) and 
K+ (b) concentrations at each site during 2007. Site names in blue and red are urban and 
rural sites, respectively. The mean concentrations of levoglucosan and K+ by urban/rural 
segregation for each season are given in the plots. 
Figure 2.4a also shows the spatial distributions of levoglucosan for different 
seasons. In general, there were significant site-to-site variations, suggesting varied 
impacts from biomass burning emissions among the sampling sites. Winter and spring 
showed the largest variations in terms of absolute concentrations. In spring, variability 
was largely due to the sporadic impacts from wildfire events at different sites. In winter, 
biomass burning was likely mainly in the form of residential wood burning (discussed in 
more detail below), thus spatial variability at these time periods likely reflect population 
densities and frequency of burning in different regions. Levoglucosan concentrations in 




rural sites tended to have slightly higher levoglucosan concentrations, implying that 
residential wood burning in urban areas is an important source of levoglucosan when 
other forms of biomass burning, such as wildfires, are absent. High spatial variability was 
observed for levoglucosan during all seasons, as indicated by the large relative standard 
deviations (RSD, standard deviations of concentrations in each season divided by the 
corresponding seasonal mean concentration) (51-79%).  
2.3.1.2 Water-soluble Potassium (K+) 
Compared to levoglucosan, K+ concentrations exhibited different spatiotemporal 
variability. First, K+ had an opposite seasonal pattern to levoglucosan with much less 
seasonal variability (from 45 ng m-3 in winter to 71 ng m-3 in summer, Table 2.2). Smaller 
site-to-site concentration differences suggested by the lower RSD values (25-75%) for all 
four seasons indicate more uniform K+ concentrations compared to levoglucosan. The 
significantly higher levels of K+ at South Dekalb and AUG-BRS sites during summer 
(Figure 2.4b) were due to K+ spikes detected at these two sites on July 5, likely reflecting 
pyrotechnique (fireworks) emissions. Excluding these data, RSD value in summer (75%) 
would be much smaller, and K+ concentrations would be even more uniform (The July 5 
sampling day was excluded from all further analysis). Similar to levoglucosan, K+ tended 
to have slightly higher concentrations at urban sites (Figure 2.4b).  
A comparison of 24-hr averaged levoglucosan and K+ shows different degrees of 
correlation in winter and summer (Figure 2.5). In winter, when biomass burning was 
expected to be more prevalent, levoglucosan and K+ were reasonably correlated 




almost no correlation between levoglucosan and K+ (r2=0.02), reflecting distinctly 
different behaviours of these two tracers when biomass-burning emissions are expected 
to be significantly lower. Higher relative uncertainty in summertime levoglucosan 
concentrations due to the scaling of arabitol to mannitol (Sect. 2.2.2) may have also 


















water-soluble K+, ng m-3
 Winter data    (J, F, D)   R2 = 0.59
 Summer data (J, J, A)   R2 = 0.02
 
Figure 2.5 Relationship between levoglucosan and water-soluble K+ concentrations in 
winter (January, February and December) and summer (June, July and August). Data on 
July 5 2007 were not plotted and excluded from the regression calculation due to 
abnormally elevated levels of K+ associated with 4th of July fireworks. 
2.3.2 Relationships between K+, levoglucosan and MODIS fire counts 
MODIS fire count data can be used as a measure of wildfire and prescribed 
burning events, two of the major forms of biomass burning over the southeast [Zeng et 
al., 2008]. Other forms of biomass burning such as residential wood burning cannot be 




sampling dates are evenly distributed in each month, the monthly fire counts over the 
region encompassing our sampling sites should reflect the outdoor biomass burning 
impacts on the measured PM2.5 mass and composition.   
 
 
Figure 2.6 Monthly MODIS Aqua fire counts (red points) in 2007 over seven states in 




In 2007 there was a distinct seasonal variation of fire counts, with maximum in 
spring (counts ranging from 2156 to 4822) and minimum in summer (646-1214) (Figure 
2.6), indicating extensive outdoor biomass burning events in spring, and fewer such 
events in summer. The highly concentrated fire points in May along Georgia-Florida 
boarder (Figure 2.6) were identified as the Okefenokee Swamp fires discussed above.   
 
 
Figure 2.7 Monthly mean levoglucosan and water-soluble potassium concentrations from 
all sites compared with monthly mean MODIS Aqua fire counts from seven states in the 
southeastern US. 
The relationships between monthly fire counts and monthly mean concentrations 
of levoglucosan and K+ are shown in Figures 2.7 and 2.8. Monthly fire counts tracked 
levoglucosan concentrations well. For example, fire counts dropped from a March peak 
of 4822 by a factor of 8 to 646 in July, corresponding to levoglucosan concentrations 
changing from 294 ng m-3 to 15 ng m-3, a factor of 9 decrease. The exceptions in January 




likely due to residential wood burning as a source of levoglucosan being prevalent in 
these two months, yet could not be detected as fire counts by satellite [Tian et al., 2009]. 
Levoglucosan and K+ concentrations are also shown as a function of fire counts in Figure 
2.8. For the levoglucosan and fire counts correlation, r2 was 0.54; excluding January and 
December, r2 was 0.86. K+ concentrations showed poor correlation with fire counts 
throughout the year (r2=0.16, and 0 excluding January and December in Figure 2.8). 
Since residential burning is minimal in summer, while fire count data also showed a large 
decrease in outdoor burning during summer, biomass burning emissions in summer was 
expected to be significantly lower than the cooler seasons. Levoglucosan had a similar 
trend as fire counts, whereas K+ did not. The scatters at the lower concentrations in 
summer months may be due to some fraction of levoglucosan being lost through 
oxidation [Hennigan et al., 2010], as well as the larger measurement uncertainty of 
levoglucosan in summer (Sect. 2.2.2). The difference in levoglucosan concentrations in 
January and December when fire counts were low (Figure 2.8) suggests residential wood 
burning throughout the southeastern U.S., on average, contributed roughly 135 ng m-3 to 
145 ng m-3 of levoglucosan during these two months. This corresponds to approximately 
2.6 µg m-3 of PM2.5 mass (based on an average emission factor determined in Sect. 
2.3.3.3).  
The distinct seasonal trends of levoglucosan and K+, with only the former 
tracking fire counts well, appear to be evidence that levoglucosan is a better tracer of 
biomass burning (including wildfire and prescribed burning) than K+. Although poor 
correlation between levoglucosan and K+ may also be due to highly variable emissions, 




burned [Sullivan et al., 2008], this alone cannot explain the distinct temporal trends of K+ 
and levoglucosan. The lack of correlation between fire counts and K+ clearly points to 
additional significant sources of K+ other than biomass burning, such as soil dust, sea 
salt, vegetation and meat cooking [Lawson and Winchester, 1979; Morales et al., 1996; 




































Figure 2.8 Correlations of monthly mean concentrations of levoglucosan and K+ versus 
fire counts. The red solid line is the fit of levoglucosan-fire counts correlation (r2=0.54). 
The red dashed line is the fit without January and December (r2=0.86). 
A receptor modelling study was conducted to comprehensively understand the 
sources of PM2.5 in the southeast and was also used to further assess the performances of 




2.3.3 Source apportionment of PM2.5 using PMF 
2.3.3.1 Source profiles and relative contributions 
Composition profiles for the 4 factors resolved by PMF are shown in Figure 2.9 
(left panel). Values in the composition profiles represent average fractions (in percent) of 
those species distributed amongst the four factors. Relative contributions of the four 
factors obtained from the PMF output were averaged among all sampling sites for each 
sampling date, shown on the right panel, to illustrate their temporal variation throughout 
the year.  
Factor 1 is characterized by high levels of levoglucosan (i.e. 77% of levoglucosan 
is in factor 1), xylose (50%), and UV-Vis light absorption (bap365) (55%). Also associated 
with this factor are K+ (16%), WSOC (14%), oxalate (11%), and NH4+ (7%). Factor 1 
composition profile is consistent with biomass burning emissions. Levoglucosan is the 
dominant component and almost exclusively associated with this factor, consistent with it 
being a unique biomass burning tracer [Simoneit et al., 1999; Schkolnik and Rudich, 
2006]. Xylose is also a carbohydrate emitted in biomass burning [Simoneit, 2002]. 
Consistent with the discussions in Sect. 2.3.1–2.3.2, PMF analysis indicates that K+ is not 
a unique biomass-burning tracer, while it is more associated with other factors, mostly 
factor 2 (43%), as shown below. Biomass burning emissions also produce significant 
levels of brown carbon [Andreae and Gelencser, 2006; Hecobian et al., 2010], which 
explains the presence of light absorption (bap365) in this factor. Oxalate has also been 
found in biomass burning smoke [Kundu et al., 2009]. The appreciable amount of WSOC 
associated with this factor is consistent with previous studies suggesting biomass burning 




[Fuzzi et al., 2006; Sullivan et al., 2006; Weber et al., 2007; Saarikoski et al., 2008]. The 
seasonal pattern of factor 1 shows that averaged over the southeast, biomass burning is 
most prevalent in the cold months compared to its little impact in summer, with wildfire 
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Figure 2.9 Composition profiles (% of total of each species) for the four factors resolved 
by PMF based on data from the whole year (2007) at all sites (left panel), and the time 




Factor 2 is characterized by refractory material: Na+ (51%), K+ (43%), and Mg2+ 
(51%), indicating PM2.5 from mineral dust [e.g., Lee et al., 1999]. These refractory 
materials are likely related to coarse-mode particles, windy conditions and possibly long-
range transport. The factor 2 time series has no clear seasonal pattern. 
Factors 3 and 4 are thought to be linked to secondary aerosol formation. Factor 3 
has the highest percentages of WSOC (56%) and oxalate (56%), along with light-
absorbing species (i.e. brown carbon) (34%), and K+ (15%). Factor 4 is distinguished by 
NH4+ (86%) and SO42- (90%), as well as a considerable amount of WSOC (22%), but 
little oxalate and little light-absorbing species. In this factor, the molar ratio of NH4+ to 
SO42- is 1.6, indicating that for much of the southeast sulfate is not fully neutralized, as 
noted in other studies [Lee et al., 2008] (Note, any NH4+ associated with nitrate is not 
considered). Both factors are correlated with temperature (r2=0.62 for F3 and r2=0.81 for 
F4), and the high levels of WSOC in both factors and the abundant sulfate in factor 4 are 
attributed to secondary aerosol formation processes that are known to be prevalent during 
summer [Lim and Turpin, 2002; Kondo et al., 2007; Weber et al., 2007; Miyazaki et al., 
2009]. The differences between factors 3 and 4 and the linking of WSOC, oxalate and 
light absorbing organics (brown carbon) suggest insights into secondary organic aerosol 
formation, which is investigated further in Chapter 3.   
2.3.3.2 Contributions of factors to yearly PM2.5 mass, levoglucosan, K+ and WSOC 
Using multivariate linear regression (MLR), the four factors isolated by PMF, 
along with the residual, can be used to estimate source contributions (percent of total 




Results are summarized in Table 2.3 and Figures 2.10 and 2.11. 
Table 2.3 Seasonal and annual source contributions of each PMF factor to PM2.5 mass (% 
of PM2.5 mass).  
  Winter Spring Summer Fall Annual 
Biomass Burning (F1) 27 15 2 7 13 
Refractory (F2) 7 6 6 6 6 
Secondary Light Abs WSOC (F3) 16 27 31 26 25 
Secondary Sulfate/WSOC (F4) 30 32 46 44 38 























F1 - biomass burning
F3 - secondary light absorbing WSOC
F2 - refractory material
F4 - secondary sulfate/WSOC residual  
Figure 2.10 PMF results showing annually averaged source contributions to PM2.5 mass, 























Jan Feb Mar Apr May Jun Jul Aug Sep Oct Nov Dec
 F1           F2
 F3           F4
 residual
 
Figure 2.11 Time series of PM2.5 composition by four factors resolved by PMF and 
masses predicted by multivariant linear regression (MLR). 
Annually, the four factors resolved by PMF explained 82% of the total PM2.5 mass 
(Figure 2.10). The largest contribution (38%) was from factor 4 (secondary 
sulfate/WSOC), followed by 25% from factor 3 (secondary light absorbing WSOC), and 
13% from factor 1 (biomass burning). The 18% of the total PM2.5 mass from residual 
likely reflects contributions from sources related to unmeasured species contributing to 
PM2.5 mass, such as elemental carbon (EC) and water-insoluble organic species, which 
can be associated with primary emissions from both biomass burning and fossil fuel 
combustion. At the seven co-located EPA Speciation sites (see Sect. 2.2.2, all located at 
urban areas), measurements were made of organic and elemental carbon by Thermal 
Optical Reflectance (TOR) and Transmittance (TOT) and several elements by Energy 
Dispersive X-Ray Fluorescence (EDXRF). Incorporating OC, EC, Ca, Cu and Fe data 
along with the FRM chemical species/light absorption data that were measured at these 
seven sites, a PMF analysis on this dataset resolved 5 factors (Figure 2.12). A mobile 




identified, contributing 8% of the PM2.5 mass on an annual basis. Meanwhile, the residual 
fraction dropped from 18% to 7%. The other 4 factors were very similar to the PMF 
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Figure 2.12 Composition profiles (% of total of each species) for the five factors 
resolved by PMF based on FRM and Speciation datasets for the whole year (2007) at 7 
EPA (urban) FRM/Speciation sites (left panel), and the time series of relative 
contribution of each factor (right panel). Factors 1 through 4 are similar to those in Figure 




Relative contributions of various sources (factors) to WSOC, levoglucosan, and 
K+ are also shown in Figure 2.10. On an annual basis, most of the WSOC is associated 
with secondary light absorbing WSOC source (56%), followed by secondary 
sulfate/WSOC (22%) and biomass burning (14%). For levoglucosan, the dominant source 
is the biomass-burning factor (77%). In contrast, K+ has several sources, with refractory 
material (43%) being the largest, and each of the other three sources contributing from 7 
to 16%.  
Table 2.3 shows the separated fractional contributions of the factors to PM2.5 mass 
by season. Although biomass burning only contributed 13% on an annual basis, it 
accounted for 27% of the PM2.5 during winter and only 2% in summer, consistent with 
the PMF results that included Speciation data, in which case biomass burning contributed 
29% and 1% in winter and summer, respectively (Table 2.4). Factors involving secondary 
aerosol formation processes (F3 and F4) show the opposite trend, contributing 46% in 
winter and 77% in summer. This rather large relative increase in summertime secondary 
sources corresponds to an average WSOC increase of roughly 1 µgC m-3 from winter to 
summer (Table 2.2). 
Table 2.4 Seasonal and annual source contributions of each PMF factor to PM2.5 mass (% 
of PM2.5 mass) based on FRM and Speciation datasets.  
  Winter Spring Summer Fall Annual 
Biomass Burning (F1) 29 15 1 8 13 
Refractory (F2) 11 15 14 14 13 
Secondary Light Abs WSOC (F3) 10 22 24 17 20 
Secondary Sulfate/WSOC (F4) 29 34 47 45 39 
Mobile source emission (F5) 9 9 7 9 8 





Figure 2.11 is similar to the time series plot for each factor (Figure 2.9, right 
panel), but in this case the contributions in terms of estimated mass of each factor 
(source) throughout the year are given. While refractory material (F2) contributions 
remained consistently low (<7%), secondary sulfate/WSOC was the largest PM2.5 
contributor throughout the year (30-46%), partially due to the relatively large and 
uniform distribution of sulfate in this region [Kim et al., 2003a, b; Liu et al., 2005]. 
Biomass-burning sources (F1) dominated in winter and on average made little 
contribution to PM2.5 mass in summer. The secondary light absorbing WSOC factor (F3) 
also shows enhancement in summer, but was higher relative to the other secondary factor 
(F4) in March during a period of unusually warm weather. The source of this factor is 
investigated further in Chapter 3. 
2.3.3.3 Comparisons to other studies 
Studies using a variety of techniques have investigated contributions of biomass 
burning to air quality in the southeast. These results are compared to the PMF analysis 
using the FRM filter data presented here. First, PM2.5 mass to levoglucosan ratios from 
emission studies have been found to vary from 9.7±2.4 g/g for hardwoods to 24.4±4.3 g/g 
for softwoods [Fine et al., 2002], and 11.5 g/g for a prescribed burning episode in 
Georgia during April 2004 [Lee et al., 2005]. From PMF factor 1, the biomass burning 
factor, the annual PM2.5 mass to levoglucosan ratio was 18.3±5.4 (± STD) g/g, roughly 
midway between hard and softwood emissions, but higher than emissions from 
prescribed burning. Emission studies have also characterized ratios of K+ to levoglucosan, 




al., 2005], depending on the type of material burnt. For factor 1 the K+/levoglucosan ratio 
was 0.10, similar to the emission profiles. In contrast, for the FRM dataset the ratio is 
0.50 in terms of annual mean and 0.26 for winter. These values are not in the range found 
in the studies mentioned above, likely due to other sources for K+. 
Our PMF-predicted annual mean contribution of 13% from biomass burning is 
comparable with previous PMF results using K+ alone as the tracer. For example, Kim et 
al. [2003a, 2003b] estimated 14% in Atlanta, and Liu et al. [2005] estimated 13% for the 
southeastern U.S. However, different seasonal patterns were found in our study and those 
PMF studies using K+. Our PMF results suggest significant biomass burning contribution 
in winter (27%), and a small impact (2%) in summer, consistent with a Chemical Mass 
Balance analysis based on Molecular Markers (CMB-MM) using levoglucosan as the 
biomass-burning tracer (0.4% in summer) [Zheng et al., 2007]. In contrast, previous PMF 
studies using K+ predicted similar biomass-burning contributions for all the seasons [e.g., 
Kim et al., 2003a; Liu et al., 2005]. The discrepancy depends on the choice of biomass 
burning tracer used. During periods of significant biomass burning emissions, typically 
the colder months, levoglucosan and K+ tend to be correlated (Figure 2.5) and the 
predicted biomass burning impacts are similar, using either levoglucosan or K+ as the 
tracer. During these periods the biomass-burning source for K+ appears to dominate over 
other sources. However, due to the relatively higher contributions of non-biomass 
burning K+ sources observed in summer, it is expected that a source apportionment 
analysis using K+ alone as a tracer would overestimate biomass burning emission during 
those periods.   




photochemical oxidation reactions, leading to a large underestimation of summertime 
biomass-burning contribution [Hennigan et al., 2010; Hoffmann et al., 2010]. This, 
however, is not consistent with the low fire counts in summer. Considering such 
uncertainties and that the results from previous studies might overestimate biomass 
burning contribution in summer (>10%) due to non-biomass burning K+ sources [e.g., 
Kim et al., 2003a; Liu et al., 2005], we conclude that biomass burning contribution in 
summer is likely in the range of 2-10%. In winter, levoglucosan is relatively stable and 
likely provides a reasonable estimate of biomass burning contributions to PM2.5 levels. 
Based on a number of studies, including this work, typical winter contribution of biomass 
burning to PM2.5 in the southeast (on a mass basis) is estimated to be near 25%, which in 
December and January appears to be mostly from residential wood-burning.   
2.4 Conclusions 
We investigate the biomass burning impact on PM2.5 in the southeastern U.S. in 
2007 through analysis of chemical and physical properties of over 900 24-h integrated 
FRM Teflon filters collected by state regulatory agencies.  
Two commonly used biomass burning tracers, i.e. levoglucosan and K+, were 
compared in conjunction with MODIS Aqua fire counts. Levoglucosan concentrations 
showed large seasonal variations and correlated well with fire counts, except in winter 
(January and December) when residential wood burning not detected by satellites led to 
increased levoglucosan. During these months, residential burning was estimated to 
contribute 2.6 µg m-3, on average, to the ambient PM2.5 mass throughout the region. K+ 




counts. Levoglucosan and K+ correlated well (r2=0.59) in winter, suggesting their 
common origin from biomass burning when its emissions were relatively high. In other 
seasons, K+ poorly correlated with levoglucosan apparently due to additional K+ sources 
other than biomass burning. Both levoglucosan and K+ concentrations were higher at 
urban sites than at rural sites, with levoglucosan showing larger spatial variations than 
K+. Comparison of K+ and levoglucosan measurements in conjunction with fire count 
data suggests that K+ was not a good tracer for biomass burning emissions due to 
multiple sources in addition to biomass burning, whereas levoglucosan was a reasonable 
indicator of biomass burning emissions, including emissions from wildfires and 
prescribed burnings, as well as emissions from wood combustion for residential heating. 
Although chamber study results show that levoglucosan reacts with the hydroxyl radical 
at atmospherically relevant concentrations [Hennigan et al., 2010], the good correlation 
between fire counts and levoglucosan concentrations suggest that this was not a large 
effect. This may be due to little biomass burning occurring in summer when this effect 
would be most important due to enhanced photochemistry, whereas in winter and spring 
when biomass burning emissions were higher and from local sources (e.g., residential or 
prescribed burning along with the occasional wildfire), relatively fresh emissions and 
slow photochemistry minimize this effect. 
Positive Matrix Factorization (PMF) was applied to analyze PM2.5 sources from 
the FRM data. Four factors were resolved, including a biomass burning factor 
characterized by high levels of levoglucosan and light absorbing compounds (brown 
carbon), a refractory component characterized by K+, Na+ and Mg2+, and two secondary 




absorbing compounds, and the other by high SO42-, NH4+, and WSOC. Secondary 
sulfate/WSOC component was the largest source of PM2.5 in all seasons and combined, 
the two secondary sources dominated in all seasons. The biomass burning source 
contributed 13% to the PM2.5 mass annually, 27% in winter, and only approximately 2% 
in summer. The refractory component contributed the least and was consistent throughout 
the year. Overall, the results show that K+ is a poor biomass burning tracer especially in 
summer and can lead to large over-prediction of biomass burning contributions by source 
apportionment analyses. Extensive photochemical degradation of levoglucosan may lead 
to under-prediction of biomass buring in summer; however, in this study there was 
reasonable consistency between levoglucosan concentrations and summertime outdoor 





SPATIAL AND SEASONAL VARIATIONS OF WSOC OVER THE 
SOUTHEASTERN UNITED STATES 
 
3.1 Background 
A number of ambient studies have been carried out to understand secondary 
organic aerosol (SOA) formation over the Southeastern United States [Lee et al., 2010 
and references therein]. Based on ratios of organic carbon to elemental carbon (OC/EC), 
Lim and Turpin [2002] found that secondary OC contributed approximately half of the 
measured OC in urban Atlanta, and the hourly contribution could occasionally range up 
to 88%. Using water-soluble organic carbon (WSOC) as a measure of SOA carbon during 
summer, Weber et al. [2007] and Hennigan et al. [2009] reported similar secondary OC 
fractions, and those fractions were consistently higher (~75%) in rural areas due to 
reduced contributions of primary OC [Weber et al., 2007]. Zheng et al. [2006] 
investigated the spatial distribution of carbonaceous aerosols in the southeast using 
molecular marker-based chemical mass balance (CMB-MM) modeling and found that the 
urban excess of OC was mainly from vehicle emissions and meat cooking based on 
results of the urban-rural pair in Alabama. Blanchard et al. [2011] also reported that most 
of the Atlanta urban excess OC was from motor vehicle emissions with a fossil carbon 
source based on analysis of SEARCH (Southeastern Aerosol Research and 
Characterization) filter data. Gao et al. [2006] analyzed polar organic components from 
24-hour filter samples collected at four SEARCH sites in the summer of 2004 and found 




as a source of HUmic-LIke Substances (HULIS). Also based on filter samples collected 
at these four sites in 2004-2005, Ding et al. [2008] examined the spatial and seasonal 
trends of biogenic SOA tracers and found significant correlations between 2-
methyltetrols, an isoprene oxidation product, and WSOC. Radiocarbon (14C) analysis on 
PM2.5 WSOC collected in urban Atlanta in summer during periods of minimal biomass 
burning emissions showed that roughly 70 to 80 % of the carbon in WSOC was modern 
rather than fossil. This suggested that most WSOC mass was linked to biogenic VOCs, 
assuming the main source of WSOC was SOA formation [Weber et al., 2007]. Schichtel 
et al. [2007] estimated the average fraction of contemporary carbon was 92% in the 
summer and 81% in the winter of 2004 based on radiocarbon data from PM2.5 total carbon 
(OC and EC) collected at the Great Smoky Mountains National Park in Tennessee. 
However, most of these studies were based on filter samples with low time resolution 
collected from a limited number of sites over relatively short time periods and all are 
susceptible to filter sampling artifacts.  
The findings in this study add to these ambient results by investigating the spatial 
and seasonal variability of secondary aerosols over the southeastern U.S. based on 
measurements of WSOC, sulfate and other PM2.5 chemical components extracted from 
900 Federal Reference Method (FRM) filters collected at 15 sites throughout the year of 
2007. These results demonstrate the potential of the large array of FRM filters collected 
by various regulatory agencies for investigating fine aerosol sources and properties of the 
non-volatile components. This chapter focuses on non-biomass burning contributions to 
PM2.5; biomass-burning contributions based on this data set are discussed in Chapter 2. 




high time resolution sampled at an urban/rural paired site in Georgia in 2008 provide a 
complement to the 24-hour integrated filter data and allow examination of SOA sources 
and formation on a much shorter time scale (diurnal) and with less susceptibility to 
sampling artifacts. The comparison of WSOC diurnal trends between urban and rural 
areas provides important insights on the roles of biogenic and anthropogenic emissions in 
SOA formation in the southeast.  
3.2 Experimental methods 
3.2.1 Filter sampling and measurements 
The collection and chemical analyses of the filter samples from the fifteen EPA 
FRM and seven co-located EPA CSN sites (Figure 3.1c) were described in detail in 
Chapter 2 Sect 2.2, and thus are not repeated here. 
3.2.2 Online WSOC measurements 
From August 2 to September 15 2008, as part of the 2008 August Mini-Intensive 
on Georgia Aerosol at SEARCH (AMIGAS) field study, online PM2.5 WSOC 
measurements were conducted using a Particle-Into-Liquid Sampler (PILS) coupled with 
a TOC analyzer [Sullivan et al., 2004] simultaneously at two SEARCH sites in Georgia, 
i.e. Jefferson Street (JST) and Yorkville (YRK).  JST (33.777 N, 84.416 W) is an urban 
site approximately 4 km northwest of central Atlanta and is located in a mixed 
commercial/residential area. YRK (33.929 N, 85.045 W) is a rural site approximately 
55km northwest of metro Atlanta. Detailed descriptions of the sampling sites were given 
by Hansen et al. [2003]. The ambient fine particles were concentrated into a continuous 




denuder [Eatough et al., 1993]. Three background WSOC measurements were performed 
daily (at 3:00, 10:00 and 19:00 EST) throughout the study period by diverting the 
sampling flow through a Teflon filter (47 mm dia., 2.0 µm pore size, Pall Life Sciences). 
Ambient WSOC data were blank-corrected and reported at 10-min resolution. During the 
AMIGAS campaign, WSOC data at both sites were available for 25 days from August 12 
to September 6 2008, along with a suite of gas and meteorological data that were 
routinely measured at these SEARCH sites. 
The two PILS-TOC systems deployed at the two SEARCH sites were compared 
side-by-side prior to and after the field campaign on the roof of the Environmental 
Science and Technology building on the Georgia Institute of Technology campus for a 
period of 4 days. The data collected by the two instruments were highly correlated (r2 = 
0.96) and showed good agreement with a linear regression slope of 0.88 and an intercept 
of 0.13 µgC m-3. The YRK WSOC data were modified to account for this small 
systematic difference. 
3.2.3 Gridded monthly isoprene emission fluxes from MEGAN-ECWMF global 
inventory 
Monthly averaged isoprene emission data over the southeast (30-36°N, 80-89°W) 
were obtained from the website: http://tropo.aeronomie.be/models/isoprene.htm. The 
global emissions of isoprene were calculated at 0.5° resolution, based on the MEGAN 
(Model of Emissions of Gases and Aerosols from Nature) version 2 [Guenther et al., 
2006] and a detailed multi-layer canopy environment model for the calculation of leaf 
temperature and visible radiation fluxes. The calculation was driven by meteorological 




Forecasts (ECMWF) [Müller et al., 2008] and included air temperature, cloud cover, 
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Figure 3.1 Maps of a) MEGAN-ECMWF global isoprene emissions in August of 2007, 
b) SO2 point sources based on EPA National Emission Inventory (NEI) 1999, and c) 




3.3 Results and discussion 
3.3.1 Characteristics of fine aerosol composition over the southeast – a “sulfate-
organic-rich” fine aerosol with widely uniform concentrations 
Seasonal average mass concentrations of PM2.5 and a number of its key chemical 
components at each of the 15 sampling sites are presented in Figure 3.2. Levoglucosan, 
an exclusive and relatively stable biomass burning emission tracer, had a large cold-warm 
season contrast due to enhanced domestic biomass burning emissions in the winter, as 
can be seen from the generally higher levoglucosan concentrations at urban sites, as well 
as more frequent wildfires and prescribed burnings in the spring; the large inter-site 
variability was due to random plume impacts (see Zhang et al. [2010] for a detailed 
discussion of biomass burning emissions from this data set). A possible secondary effect 
of accelerated loss of levoglucosan via photo-oxidation in the summer [Hennigan et al., 
2010] may also account for some of the seasonal difference. To minimize the 
contribution of biomass burning to primary WSOC (WSOCBB) and focus on secondary 
WSOC, a surrogate of SOA carbon [Sullivan et al., 2004, 2006; Hennigan et al., 2009; 
Miyazaki et al., 2009], filter samples with levoglucosan concentration greater than 50 ng 
m-3 were not included in the following analysis and discussion. The remaining data were 
assumed to be largely non-biomass-burning WSOC (WSOCNB), which in warmer seasons 
was mainly comprised of secondary WSOC (as will be shown below), with minor 
contributions of primary WSOC from mobile source emissions at urban sites [Hecobian 
et al., 2010]. In colder seasons (e.g., winter), the fraction of primary WSOCNB could be 


























































































































































































































































































































































Winter (J, F, D) Spring (M, A, M) Summer (J, J, A) Fall (S, O, N)
50 ng/m3 cut value
RSD = 29 % RSD = 20 %
RSD = 13 %
RSD = 14%
RSD = 16 % RSD = 13 %
RSD = 17 %
RSD = 15 %
 
Figure 3.2 Seasonal mean concentrations of a) PM2.5 mass, b) OC, c) WSOCNB (non-
biomass burning), d) sulfate and e) levoglocosan (LG) at each of the 15 FRM sampling 
sites. OC data are only available at 7 of the 8 urban sites and 1 rural site. RSD stands for 
seasonal average relative standard deviations of WSOCNB and sulfate data. The initials 
after each season indicate the months included. Urban sites are labeled in blue and rural 
sites are labeled in red. 
Organic aerosol (OA) mass (calculated by assuming an OM/OC ratio of 1.6) and 
ammonium sulfate were the two largest components of PM2.5 mass throughout the year at 
all sites (Table 3.1), consistent with previous studies [Tanner et al., 2004; Weber et al., 
2007; Hand et al., 2012]. On average, OM and ammonium sulfate accounted for 39 ± 6% 
and 50 ± 5% of the total PM2.5 mass, respectively. The minor contributors to PM2.5 mass 
included EC (~7% in urban areas) and other refractory materials such as mineral dust and 
sea salt that were enriched in K+ and Mg2+ (6 % from a PMF analysis detailed by Zhang 




Table 3.1 Annual and seasonal averaged fractions (%) of organic aerosol mass (OM), 
water-soluble organic aerosol mass (WSOM), and ammonium sulfate in PM2.5 and 
WSOCNB/OCNB mass ratios, where OM is 1.6×OC, WSOM is 2.0×WSOC, and the 
subscript NB represents non-biomass-burning, using levoglucosan concentration (less 
than 50 ng m-3) as a criteria. 
  * OM(OC) data are only available at one rural site: Yorkville (YRK). 
Scatter plots in Figure 3.3 show the tight correlations of WSOCNB and sulfate 
with PM2.5 mass in urban and rural sites. The high R2 values for both WSOCNB (0.70 at 
urban to 0.75 at rural sites) and sulfate (0.60 at urban to 0.66 at rural sites) with PM2.5 
mass indicate the widespread presence of these two PM2.5 components throughout the 
southeast. Contributions from primary species to the total fine aerosol mass likely 
account for the slightly lower regression slopes and R2 values for both components at 
urban sites (Figure 3.3). Assuming a WSOM/WSOC ratio of 2.0 [Turpin and Lim, 2001], 
WSOMNB (a proxy of SOA mass) and ammonium sulfate together contributed up to 76% 
at urban and 82% at rural sites of the total PM2.5 mass in the summer (Table 3.1). The 
large mass fractions of WSOMNB and sulfate and their strong correlations with PM2.5 
mass implies that the secondary processes leading to the formation of both components 
largely influence and contribute substantially to the fine particle loadings over the 






  (levog.< 50 ng m-3) 
  Urban Rural* Urban Rural Urban Rural Urban Rural* 
Annual 43.7 34.7 40.7 50.4 23.5 26.3 51.9 55.8 
Winter 44.0 34.3 32.8 41.4 20.2 25.5 45.2 59.6 
Spring 49.1 33.2 39.7 47.0 24.8 26.7 46.8 41.2 
Summer 40.9 36.1 49.1 53.6 26.4 28.9 56.3 52.6 




southeast throughout the year, which has significant implications on PM2.5 control 





























































Figure 3.3 Scatter plots of a) WSOCNB (non-biomss burning) and b) SulfateNB versus 
PM2.5 mass concentrations. Slope and R2 of the linear fit are shown separately for urban 
and rural sites. 
3.3.2 Seasonal and spatial variability of WSOC based on FRM filter data 
3.3.2.1 Seasonality of WSOC and other PM2.5 components 
The monthly mean concentrations of WSOCBB and WSOCNB shown in Figure 3.4 
indicated that the biomass burning influences on WSOC were mostly in winter and 
spring, whereas during summer and early fall (September and October), WSOCBB was 
nearly negligible. Figure 3.4 also shows the monthly mean sulfate concentrations and 
temperature averaged over all 15 sites as well as the predicted isoprene emission flux 
over the sampling domain (30-36°N, 80-89°W). Pronounced seasonality for 
concentrations of PM2.5 mass (Figure 3.2), WSOCNB and sulfate were found, with 




ratio (± one standard deviation) averaged across all the sites for sulfate, WSOC and OC 
concentrations was 2.5 ± 0.6, 1.9 ± 0.8, and 1.6 ± 1.1, respectively. When filtering out 
samples with significant levoglucosan concentrations (> 50 ng m-3) to remove biomass-
burning influence, these ratios were nearly doubled, i.e. 4.5 ± 0.4 for sulfate, 3.9 ± 0.5 for 
WSOC, and 2.2 ± 0.9 for OC. A lower summer/winter ratio for OC may reflect that 
roughly half OC was primary at urban sites (although less at rural sites), which was not 
expected to vary significantly with season [Lim and Turpin, 2002; Weber et al., 2007]. In 
contrast, the large summer-winter difference for WSOCNB and sulfateNB concentrations 
was most likely due to the summertime enhancement of secondary chemical processes 
(e.g., enhanced photochemistry due to higher oxidant levels and stronger solar radiation). 
As shown in Figure 3.4, WSOCNB and temperature (and to a lesser extent, sulfateNB and 
temperature) had a common seasonal pattern (for WSOCNB vs. T: r2 = 0.57; sulfate vs. T: 
r2 = 0.38), and there was a clear co-variability among these three from March to August; 
an unusually warm March had elevated WSOCNB and sulfateNB, whereas a cooler July 
corresponded to lower concentrations. Much of this co-variability may be due to 
temperature effects on photochemistry and synoptic meteorology.  
The enhanced emissions of precursor compounds (e.g., isoprene as a SOA 
precursor) during warmer months may also explain some of the seasonality observed for 
WSOC. Studies have found evidence for biogenic hydrocarbons as a major contributor of 
SOA mass over the southeast [Gao et al., 2006; Weber et al., 2007; Ding et al., 2008; 
Goldstein et al., 2009; Chan et al., 2010b; Lin et al., 2012]. Monthly mean predicted 
isoprene emission shown in Figure 3.4 had a large seasonal variability and roughly 




seasonality, yet SO2 emissions did not have a strong seasonal dependence (U.S. EPA 
National Emissions Inventory, http://www.epa.gov/ttnchie1/trends/), the seasonal 
variability of WSOCNB based on 24-h filter data cannot be related specifically to 
temperature-induced biogenic emissions and resulting SOA formation. The observed 
seasonality for WSOCNB and sulfate may be due to a combination of various controlling 
factors, including synoptic meteorological events (e.g., stagnation and precipitation), 
transport and photochemistry. Emissions of precursor compounds may also play a role, 




































































Figure 3.4 Monthly mean concentrations of WSOCBB (biomass burning) and WSOCNB 
(non-biomass burning), sulfateNB and temperature averaged over all sampling sites; 




3.3.2.2 Spatial homogeneity of WSOC and sulfate 
One of the notable features of Figure 3.2 is the insignificant site-to-site variation 
of WSOCNB and sulfate concentrations throughout all seasons, especially during warmer 
months. This is indicative of widely uniform concentrations of both secondary 
components throughout the region. Seasonally averaged relative standard deviations 
(RSD; standard deviation divided by mean for the season of interest) for WSOCNB and 
sulfate, as labeled in Figure 3.2 above each group, were mostly below 20% except for 
WSOCNB in the winter. A detailed site-to-site correlation analysis suggests that the 
concentrations of WSOCNB and sulfate were not only similar but also well correlated to 
those at other sites. Taking the South Dekalb (urban Atlanta) site as an example since it is 
located in the center of the sampling region, Figure 3.5 shows the correlation coefficients 
(r2) of WSOC NB and sulfate concentration between South Dekalb and each of the other 
14 sites as a function of estimated distance between sites. WSOCNB at South Dekalb was 
strongly correlated with that at all other sites as indicated by the high r2 values (> 0.65). 
For example, for the Providence site, a rural site ~280 km away from South Dekalb, the 
r2 of WSOCNB was as high as 0.93, suggesting the highly spatial homogeneity of 
WSOCNB (SOA), similar to previous finding by Ding et al. [2008]. The site-to-site 
correlation for sulfate was weaker than WSOCNB, possibly owing to the spatial 
distribution of the SO2 point source (Figure 3.1b). For example, the very low r2 of sulfate 
between South Dekalb and Macon may be partially due to the large coal-fired power 
plant near the Macon site. For all the combination of 15 sites (N = 105), the mean 
(median) ± standard deviation of r2 value was 0.64 (0.69) ± 0.25 for WSOCNB and 0.46 































Figure 3.5 Site-to-site correlations of WSOC and sulfate between South Dekalb (a site 
within urban Atlanta) and other 14 sites in the southeast. Distance between South Dekalb 
and the other site is given in ascending order. 
The observed large seasonal variation and spatial homogeneity of FRM filter-
based WSOC (i.e. non-volatile WSOC) is consistent with biogenic VOC emissions that 
are both highly temperature dependent and widely distributed over the southeast. These 
patterns, together with observations of organic carbon in this region having a large 
modern (i.e. biogenic) carbon component [Tanner et al., 2004; Weber et al., 2007; Bench 
et al., 2007; Schichtel et al., 2007], support the hypothesis that biogenic VOC oxidation 
is the major SOA source in the southeast. However, similar (although to a lesser degree) 
seasonality and spatial uniformity have been observed for sulfate. Sulfate is formed from 
oxidation of SO2 and the largest source of national SO2 emission is coal-fired electric 
power plants, accounting for 73% of the total SO2 emission in 2007 (U.S. EPA National 
Emissions Inventory). As shown in Figure 3.1b, the SO2 point sources in the southeast 
are not uniformly distributed, unlike the VOC-emitting vegetation. Thus, as discussed in 




compounds is largely due to meteorology, resulting in the well-mixed regional aerosol 
characteristic of the southeast. Both WSOC (SOA) and sulfate are long-lived secondary 
products with lifespan of days to a week. The southeast region is generally not well 
ventilated (unlike the coastal areas where the sea/land breeze circulation disperses the 
pollution daily [Zhang et al., 2012b]), especially during summer when high-pressure 
systems lead to frequent stagnation events. Therefore, the pollutants with long lifetime, 
such as SOA and sulfate, can build up and eventually spread across the whole southeast 
region. Thus, the regional WSOCNB per se does not exclusively indicate a widely 
distributed source of SOA (i.e. biogenic VOC oxidation). An alternative explanation is 
that the formation of WSOCNB is not independent of sulfate (e.g., WSOC formed through 
acid-catalyzed reaction) so the uniform distribution of sulfate has some impact on SOA 
formation and thus the distribution of WSOCNB. Recent work by Lin et al. [2012] found 
that reactive uptake of gaseous IEPOX onto acidic seed aerosols yielded the same aerosol 
constituents that have been observed in the ambient aerosols in rural southeast.  A study 
contrasting regional distributions of WSOCNB and a primary species such as EC would 
provide additional insight. 
3.3.2.3 Spatial correlations of WSOC concentrations with isoprene emissions 
Although WSOCNB was highly correlated and relatively uniformly distributed 
throughout the whole region, some of the spatial pattern may be linked to the spatial 
distribution of isoprene emissions. Figure 3.6a shows the color-coded mean predicted 
isoprene emission flux with WSOCNB concentrations at each sampling site for August 




vegetation mass, high temperature and intense solar radiation. Quantitative interpretations 
from Figure 3.6a are limited by the coarse grids (0.5°×0.5°) and known large 
uncertainties for isoprene emission estimates [Guenther et al., 2006]. However, some 
qualitative trends can be seen in Figure 3.6a. First, there was a rough west-to-east 
gradient in isoprene emissions and a corresponding WSOCNB zonal trend. WSOCNB 
concentrations were lower by roughly 27% at the five sites on the east end of the 
sampling region, which were also located in areas with less isoprene emissions. On 
smaller spatial scales, isoprene enhanced areas often corresponded to high WSOCNB (e.g., 
COL-CRS, Ashland and the three most western sites in AL). Interestingly, there were 
several sites in the vicinity of urban Atlanta that exhibited high WSOCNB concentrations 
yet were not in isoprene-enriched areas. It is possible that these sites were under stronger 
influence of anthropogenic emissions as seen from the satellite observed NO2 column 
density in Figure 3.6b. Previous ambient studies have shown evidence for enhanced SOA 
formation from interactions between naturally emitted precursors with anthropogenic 
pollutants such as NOx [Weber et al., 2007; de Gouw et al., 2008; Worton et al., 2011]. 
Environmental chamber studies also reported higher SOA yields for biogenic 
hydrocarbons in the presence of high NOx levels [Dommen et al., 2006; Chan et al., 
2010a]. Contributions from anthropogenic SOA formation in urban regions would also 
account for higher urban WSOC. The extent of the contribution from pure anthropogenic 
or anthropogenic-enhanced biogenic SOA to urban WSOC in the southeast is discussed 





Figure 3.6 Spatial distributions of a) isoprene emission fluxes (0.5°×0.5°) predicted from 
MEGAN-ECWMF global inventory and b) tropospheric NO2 column density from OMI 
on board NASA AURA satellite in August of 2007. Overlaid on the emission maps are 
the color-coded WSOCNB (non-biomass burning) concentrations at the 15 FRM sampling 
sites (urban: squares; rural: circles) in August of 2007 (Note that the WSOCNB color scale 
is set to investigate relatively small changes in absolute WSOCNB concentrations). 
3.3.3 WSOC concentration gradient between urban and rural sites based on FRM filter 
data and online WSOC measurements 
3.3.3.1 Urban/rural FRM filter 
A small urban/rural gradient of FRM WSOCNB was evident for all four seasons 
(Figure 3.7), indicating an anthropogenic component for primary WSOCNB and/or SOA 
production in urban environments, consistent with the reported urban excess OC in the 
southeast [Zheng et al., 2006; Blanchard et al., 2011; Hand et al., 2012]. The largest 
urban/rural difference was seen in winter (on average urban WSOCNB is 63% higher than 




higher urban WSOCNB in the winter was likely due to primary WSOC emitted from fossil 
fuel combustion and possibly residential wood burning (although data with leveoglucosan 
> 50 ng m-3 were filtered out) in urban areas. Based on the FRM filter data, the 
widespread SOA was only moderately enhanced by urban emissions, resulting in a small 
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Figure 3.7 Box plots of the seasonal mean concentrations of WSOCNB (non-biomass 
burning) segregated for urban and rural sites. The plot shows median values (thick 
horizontal bar), 25th and 75th percentiles (lower and upper box bounds, respectively), and 
10th and 90th percentiles (lower and upper whiskers, respectively) for each bin. 
However, as noted earlier, filter sampling is subject to considerable negative 
artifact so that the semi-volatile SOA components may not be included. An online 
measurement is expected to have fewer sampling artifacts [Weber et al., 2003]. Factors 




in situ measurements at an urban/rural pair in Georgia: an Atlanta metropolitan site at 
Jefferson Street (JST) and a rural site at Yorkville (YRK, also a FRM site) in August of 
2008. In the following analysis, WSOC was expected to be WSOCNB since little biomass 
burning contributions were observed in the southeast during summer [Zhang et al., 2010], 
although no companion measurements of biomass burning tracers were available. 
3.3.3.2 Online measurements at JST and YRK 
For the entire 1-month study, WSOC concentrations (10-minute averages) at JST 
and YRK were moderately correlated with an r2 of 0.37. The time series of WSOC and 
other associated parameters at JST and YRK are shown in Figure 3.8. Between the two 
sites, WSOC exhibited both common and distinct temporal patterns. On a lower 
frequency scale (~daily), urban and rural WSOC generally tracked each other well, 
whereas on a higher frequency scale (~hourly), urban WSOC showed larger and more 
frequent fluctuations superimposed on the generally less variable lower frequency 
varying rural WSOC. Since YRK is often located upwind of JST and so is not subject to 
significant urban impact, as indicated by the consistently lower CO and NOx 
concentrations (Figure 3.8), the more constant YRK WSOC likely represents the typical 
regional (i.e. rural) background levels, and the smooth variation is due to synoptic 
meteorological processes. For example, the consistently lower concentrations of a variety 
of species at both sites during August 21 – 26 were mainly due to higher wind speeds and 
frequent rain events. The air masses impacting both sites during this period originated 
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Figure 3.8 Time series of WSOC and other parameters measured at Jefferson St. (JST) 
and Yorkville (YRK) from Aug 12, 2008 to Sep 6, 2008 during the AMIGAS field 
campaign: a) absolute WSOC concentrations at two sites; b) WSOC difference (ΔWSOC) 
between the two sites (i.e. WSOCJST minus WSOCYRK); c) CO and NOX difference 
between the two sites (i.e. COJST minus COYRK, NOX_JST minus NOX_YRK). 
The distinct WSOC pattern at the urban relative to the rural site is likely due to a 
combination of SOA precursor emissions and chemical formation processes. Based on 
data from emission inventories, isoprene emissions at these two sites are practically 
identical (Figure 3.6a), indicating that biogenic SOA precursors were not the main reason 
for the difference. Higher WSOC is generally associated with much higher CO and NOx 
levels, which frequently occurs at the urban site. Occasionally, YRK WSOC was higher 
(e.g., on August 14, 17, 31) due to stagnation events. The scatter plot in Figure 3.9 clearly 
shows that the largest differences of WSOC between the two sites were observed at low 
wind speeds at JST and were often associated with higher CO concentrations at urban site, 



























Figure 3.9 Differences between WSOC measured between the two sites (WSOC(JST-YRK)) 
as a function of wind speed at JST, color coded by CO difference between the two sites 
(CO(JST-YRK)).   
Average diurnal trends for CO, O3 and WSOC at JST and YRK also showed 
distinctly different patterns at these two sites (Figure 3.10a, b). WSOC and CO at YRK 
were nearly constant throughout the day. In contrast, JST CO clearly showed a 
characteristic morning rush hour peak at ~7 am and roughly a factor of 2 night-to-day 
enhancement, which was attributed to lower nighttime mixed layer height leading to 
higher CO concentrations from nighttime mobile source emissions. JST WSOC was 
constantly higher than YRK, again indicating the urban enhancement of SOA formation. 
Primary WSOC emissions can also make some contribution, as seen by the morning 
WSOC peak during rush hour, but this was clearly minor compared to secondary 
























































































Figure 3.10 Composite diurnal profiles of a) CO, O3 at JST and YRK, b) WSOC 
concentrations at JST and YRK, solar intensity at JST, and c) ∆WSOC/ ∆CO and mixed 
layer ∆WSOC column, where ∆WSOC/∆CO = WSOC(JST-YRK)/(CO–0.15ppmv), and 
mixed layer ∆WSOC column = WSOC(JST-YRK) × MLH (mixed layer height), during the 
AMIGAS sampling period. The red dotted line in panel (c) represents an estimate of 




As a rough approximation, the effect of expanding mixed layer on WSOC 
variation can be determined by normalizing WSOC concentration to a conservative 
species (e.g., CO). Figure 3.10c shows the diurnal profile of ΔWSOC/ΔCO (= WSOC(JST-
YRK)/(COJST - 0.15 ppmv), where it assumes the CO emissions at JST are constant 
throughout the day (a significant over-simplification) and a CO background level of 0.15 
ppmv (based on COYRK). The result shows that the major source of urban excess WSOC 
is photochemical production (e.g., ΔWSOC/ΔCO tracks solar radiation and O3 
concentrations), which is much more significant than the mobile emissions leading to 
primary WSOC during morning rush hour. An alternate approach to estimate the urban 
ΔWSOC production is to use the actual mixed layer height, in which case the column 
integrated WSOC concentration can be calculated by multiplying ΔWSOC concentrations 
by the mixed layer height. This product is directly related to the urban WSOC source per 
unit surface area, assuming WSOC concentrations above the mixed layer are negligible, 
no net advection of WSOC into the region or loss of WSOC by deposition to the surface, 
and WSOC within the mixed layer is uniformly distributed. Mixed layer heights were not 
measured during the AMIGAS study, so literature values reported by Marsik et al. [1995] 
were used instead. Figure 3.10c shows that the two approaches give similar diurnal 
profiles, both characterizing the photochemical production with normalized WSOC 
concentrations peaking at approximately 15:00 local time, roughly 1-2 hours later than 
when solar intensity reached its maximum value. The rate of increase in WSOC per unit 
surface area from morning to early afternoon (i.e. increasing slope of WSOC column) 
gave an average urban WSOC production rate during this time period of approximately 




Figure 3.10c). After the peak near 15:00, both ΔWSOC/ΔCO and mixed layer ΔWSOC 
column decreased to background levels, possibly owing to SOA production weakening 
and/or downward mixing of cleaner air mass from aloft [Blanchard et al., 2011]. At night 
there was low production of WSOC, indicated by the flat slopes, similar to findings from 
previous studies on Atlanta WSOC [Hennigan et al., 2009]. More extensive urban/rural 
paired online studies would be valuable since the estimates of urban production rates 
could be contrasted throughout the year. 
The urban/rural comparison suggests that the anthropogenic emissions play an 
important role in the enhancement of WSOC (SOA) in urban areas. Anthropogenic 
emissions could be involved in SOA formation in several ways, such as direct 
contributions from anthropogenic SOA precursors, e.g., aromatics [Henze et al., 2008] 
and acetylene [Volkamer et al., 2009], evaporation and re-condensation of semi-volatile 
organic vapors [Robinson et al., 2007; de Gouw et al., 2011], NOx effect on both biogenic 
and anthropogenic SOA yields [Presto et al., 2005; Song et al., 2005; Ng et al., 2007] as 
well as SOA formed through reaction of NO3 radical with biogenic VOCs [Surratt et al., 
2008; Brown et al., 2009]. Based on the real-time data, the urban excess WSOC was on 
average 31% of the rural (regional) WSOC. However, as shown in Figure 3.7, for FRM 
filter WSOC the urban/rural difference during summer was only ~10%. The 
inconsistency between filter and online data may be due to the loss of semi-volatile 
components of the urban excess WSOC from the FRM filters during sampling and 
storage. Consequently, the FRM WSOC data in both urban and rural areas showed little 
variation and tend to be highly correlated as discussed in Sect. 3.3.2.  




interest how anthropogenic emissions were involved in the formation of urban WSOC in 
Atlanta. Zhang et al. [2011] observed a similar average WSOC diurnal profile as shown 
in Figure 3.10 in Atlanta in the summer of 2010. Meanwhile, they made measurements of 
WSOC light absorption in Atlanta and Los Angeles and found that the freshly-formed 
urban WSOC (i.e. ΔWSOC) in Atlanta was much less light-absorbing (~4-6 times less) 
than those freshly formed in LA. The LA ΔWSOC is proved to be mainly from 
anthropogenic sources [Zhang et al., 2011; Bahreini et al., 2012]. As an approximation, 
taking light-absorbing WSOC as a measure of anthropogenic SOA suggests that in 
Atlanta up to 25% of the urban ΔWSOC was from direct contributions of anthropogenic 
VOCs, and the rest (75%) was related to formation of biogenic SOA, possibly enhanced 
under anthropogenic influence.  
3.3.4 Sources of summertime regional FRM WSOC 
A Positive Matrix Factorization (PMF) analysis using the FRM PM2.5 chemical 
composition (WSOC, Na+, NH4+, K+, Mg2+, SO42-, oxalate, xylose, and levoglucosan) and 
light absorption data set from all 15 sites was performed to investigate the sources of 
PM2.5 throughout the southeast region over the year of 2007. A detailed description and 
procedures for the PMF analysis were presented in Chapter 2. PMF results focusing on 
summertime FRM WSOC formation processes are discussed here.   
The very different composition profiles of F3 and F4 (Figure 2.9) suggest 
different physical and/or chemical processes involved in the regional WSOC (SOA) 
formation. The limited number of species available for this factor analysis limits the 




processes leading to these two factors, but the differences between F3 and F4 are 
intriguing. In the following we speculate on possible sources of the regional WSOC in 
the southeast. 
Factor 3: The association among oxalate, bap365 and WSOC of F3 is notable for a 
number of reasons. First, these are all characteristics of biomass burning emissions 
(Factor 1 detailed in Chapter 2). Although biomass burning cannot be completely ruled 
out, it is unlikely to cause such a large fraction of the summertime FRM WSOC 
variability. Instead, numerous laboratory studies have shown that chemical processes in 
aqueous solutions produce both oxalate [Sorooshian et al., 2006; Lim et al., 2010] and 
light-absorbing organic compounds [Bones et al., 2010; Sareen et al., 2010], along with 
other aqueous SOA products including oligomers and high molecular weight multi-
functional compounds that could be included in the overall WSOC in F3 [Surratt et al., 
2007; Nguyen et al., 2012]. Collectively, these components have been grouped as HULIS 
[de Haan et al., 2009; Shapiro et al., 2009] and are linked to aqueous chemical aging of 
the aerosol, which uniquely explains the presence of high MW compounds [Ervens et al., 
2011]. Gao et al. [2006] have detected polar organics that are similar to HULIS on filters 
collected in rural areas in the southeast and have shown evidence of atmospheric 
processing of biogenic emissions leading to HULIS as a typical pathway in the 
background (regional) atmosphere. Hennigan et al. [2009] and Zhang et al. [2012b] 
studied WSOC gas/particle partitioning in urban Atlanta and found evidence for WSOC 
partitioning to particle liquid water indicating that an aqueous chemical route is feasible. 
The fact that the PMF factor 3 explains much of the variability of WSOC mass 




formation route.   
Factor 4: Previous aerosol source apportionment studies in the southeast and 
other locations have attributed factors with high organic carbon and ammonium sulfate 
loadings to be associated with secondary aerosol formation through a variety of 
pathways. Correlations between WSOC and sulfate in some locations show clear 
evidence for a cloud formation process [Huang et al., 2006]; however, the lack of oxalate 
associated with F4 seems to suggest this may not be the case in the southeast. WSOC-
sulfate correlations may result from possible acid-catalyzed effects on SOA formation 
[Liu et al., 2005; Kim and Hopke, 2006], or simply could be related to long-range 
transport [Saarikoski et al., 2008]. We have noted the spatial and seasonal correlations of 
WSOC and sulfate and attributed some of this co-variability to both being secondary 
components with similar atmospheric lifetimes/loss processes. This would be consistent 
with F4 representing the regional/more aged aerosols mainly composed of sulfate and 
WSOC. A more comprehensive data set that includes speciated SOA tracer compounds 
(e.g., IEPOX and other known monoterpene, sesquiterpene, and aromatic tracers) as well 
as AMS and VOC/SVOC data is needed to better resolve the causes for differences 
between F3 and F4. 
3.4 Summary 
The spatial and seasonal variations of WSOC from the FRM filter samples 
(referred to as FRM WSOC) associated with fine aerosols in the southeastern U.S. were 
investigated through measurements of over 900 24-hour integrated FRM Teflon filters 




contrasted with sulfate to examine possible causes of the spatial and seasonal variability. 
Online measurements of WSOC in August of 2008 at an urban/rural pair were compared 
to the FRM filter urban/rural differences and used for a more detailed analysis of the 
observed urban excess WSOC. The major findings of this study are: 
1. In the southeast, FRM PM2.5 was mainly composed of organic aerosol and 
ammonium sulfate. On average, OM (1.6 times OC) and sulfate accounted for 39% and 
35% of the total PM2.5 mass, respectively. Excluding biomass burning contributions 
(levoglucosan < 50 ng m-3), FRM PM2.5 mass was tightly correlated with both WSOC (r2 
of 0.70 urban, 0.75 rural) and sulfate (r2 of 0.60 urban, 0.66 rural). WSOM (2.0 times 
WSOC) and ammonium sulfate together contributed up to 71% at urban and 78% at rural 
sites of the total PM2.5 mass, indicating secondary processes largely influenced and 
substantially contributed to the fine particle loadings over the region throughout the year 
of 2007.  
2. Pronounced seasonality was observed for FRM WSOC and sulfate. Both 
components showed maximum concentrations in the summer, apparently due to enhanced 
photochemistry and meteorology associated with elevated temperatures. Enhanced 
emissions of precursor compounds, such as biogenic hydrocarbons, may also have 
contributed to the seasonality of WSOC, but links to biogenic emissions and temperature 
were not as clear since both sulfate and WSOC responded in a similar way. 
3. FRM WSOC and sulfate were widely distributed and fairly spatially uniform 
throughout the southeast, indicated by the significant site-to-site co-variability. Given the 
point source nature of sulfate precursor (SO2), the large scale spatial homogeneity 




(ignoring biomass burning contributions present mainly in winter) combined with 
meteorology (a well-mixed region with limited ventilation) was the major cause for the 
large regional aerosol loading.  Spatial uniformity cannot be mainly attributed to a widely 
distributed source of biogenic precursor VOCs. However, on smaller scales, spatial 
distributions of estimated isoprene emissions were consistent with relatively small 
differences in FRM WSOC, providing evidence of biogenic hydrocarbons as important 
SOA precursors. 
4. Online measurements of WSOC between an urban/rural pair 
(Atlanta/Yorkville) indicated that on average urban WSOC was 31% higher than rural 
levels during the sampling period. The urban excess WSOC was clearly associated with 
local anthropogenic emissions since the WSOC enhancement was linked to CO and NOx. 
In contrast, FRM WSOC urban/rural difference in summer was only ~10%, indicating 
that filters tend to produce a more uniform distribution, possibly due to poor temporal 
resolution and loss of semi-volatile organic species that were more likely associated with 
urban environments. Using the difference between the urban-rural WSOC and estimated 
boundary layer height, an urban Atlanta production rate of WSOC in August was 
calculated to be roughly 0.55 mgC m-2 hr-1 from morning to mid-afternoon. 
5. A PMF analysis resolved two factors that explained 78% of the FRM WSOC 
variability. One factor that explained over half of the 2007 FRM WSOC variability was 
loaded with oxalate and brown carbon, consistent with a condensed phase SOA formation 
route. The other factor that accounted for roughly 1/4 of the FRM WSOC variability was 
associated with ammonium sulfate and may represent a regional aged SOA, or a possible 









Organic compounds that preferentially absorb light in the UV to lower visible 
wavelength range appear brown and are one light-absorbing component of atmospheric 
aerosols [Andreae and Gelencser, 2006]. Differing from black carbon (BC) or soot, 
brown carbon has a strong absorption-wavelength dependence and therefore has 
absorption Angström exponent (AAE, or Åa) larger than one. Brown carbon may 
influence photochemical processes [Jacobson, 1999] as well as regional radiative forcing 
[Park et al., 2010] and modify light-absorbing and chemical properties of the clouds 
[Jacobson, 2012]. Some components of brown carbon have also been linked to adverse 
effects on human health (e.g., soluble nitro-aromatic compounds formed from oxidation 
of PAHs [Gupta et al., 1996]).  
Ambient observations and laboratory studies have shown that brown carbon has 
multiple sources. Brown carbon can be directly emitted from primary sources such as 
incomplete and smoldering combustion of both fossil and biomass fuels [Duarte et al., 
2005; Hoffer et al., 2006; Lukacs et al., 2007; Hecobian et al., 2010]. There is also 
evidence for brown carbon as a secondary organic aerosol (SOA) component produced 
from a variety of chemical ageing processes that often involve nitrogen, such as ageing of 
limonene ozonolysis products in solution with ammonium and amino acids [Bones et al., 




in acidic solutions [Noziere et al., 2005; Sareen et al., 2010], with amino acids [Noziere 
et al., 2007; de Haan et al., 2009a], methylamine [de Haan et al., 2009b] , or ammonium 
salts [Shapiro et al., 2009]. Along with these heterogeneous reaction routes, brown 
carbon can also be formed in the gas phase and partition to aerosols under dry conditions. 
Chamber studies show that brown SOA is formed directly from photooxidation of 
aromatics (i.e. toluene) under high-NOx conditions [Jaoui et al., 2008; Nakayama et al., 
2010; Zhong and Jang, 2011]. 
The prevalence and optical role of brown carbon are not well characterized. 
Particle light absorption coefficients (bap) are typically measured using optical 
instruments, such as the aethalometer, photo acoustic soot spectrometer (PASS), or 
particle soot absorption photometer (PSAP) at a fixed number of wavelengths, making 
quantifying brown carbon difficult and uncertain given that brown carbon is measured 
together with BC, the dominant aerosol absorber, and the contribution of brown carbon is 
often inferred by the difference between BC and total absorption [Sandradewi et al., 
2008]. Further uncertainty arises due to other possible confounding factors such as 
absorption enhancement by the clear coatings formed over the BC cores [Lack and 
Cappa, 2010]. In addition, these optical measurements provide limited information on the 
complete absorption spectra over a wide wavelength range. In contrast, measurement of 
soluble brown carbon using various solvents provides detailed spectral information and 
does not suffer from the interference from BC or mineral dust absorption since 
undissolved particles can be removed from the solution; however, particle size-resolved 
information is lost [Hecobian et al., 2010]. 




with secondary organic aerosols (SOA) in the absence of biomass burning. SOA 
formation leads to water-soluble organics and is a complex poorly understood process 
that contributes a substantial fraction to the fine particle mass and affects aerosol 
scattering, cloud activation and the toxicity properties of fine particles [Hallquist et al., 
2009]. In this work, we report both online and offline measurements of soluble brown 
carbon at two urban environments, Pasadena/Riverside, California and Atlanta, Georgia, 
to examine the light-absorbing properties and formation processes of SOA in cites with 
contrasting emissions of volatile organic compounds (VOCs).  
4.2 Experimental methods 
4.2.1 Field sites 
From mid-May to mid-June 2010, as part of the CalNex field campaign, online 
WSOC and light absorption measurements were carried out simultaneously at two ground 
sites, i.e. Pasadena and Riverside, California. Pasadena sampling was conducted on the 
California Institute of Technology campus (34.140582N, 118.122455W), ~16 km NE of 
downtown Los Angeles [Hersey et al., 2011] (hereinafter referred to as the LA site). The 
Riverside site was located on the University of California-Riverside campus (33.97185N, 
117.32266W), which is approximately 80km to the east-southeast of downtown Los 
Angeles. The sample inlet was situated 7 meters above ground level at the Pasadena 
ground site, and approximately 4.5 meters above ground at Riverside. Due to 
instrumentation issues, light absorption data at the LA site from only June 1 to June 15 
were analyzed. Later in the summer of the same year (2010) after CalNex, identical 




2010. The measurement platform was located in the rooftop laboratory of the Ford 
Environmental Science and Technology building on the Georgia Institute of Technology 
campus (33.778427 N, 84.396181 W), roughly 30-40m above ground level. All data are 
reported in local time (PDT for LA and EST for Atlanta) and at ambient T and p. 
4.2.2 Online WSOC light absorption measurement 
A Particle-Into-Liquid Sampler (PILS) that continuously transfers ambient PM2.5 
particles to an aqueous flow of purified water was coupled in series with a long optical 
path length (1 m) Liquid Waveguide Capillary Cell (LWCC) (World Precision 
Instrument, Sarasota, FL) and a Total Organic Carbon (TOC) analyzer (GE Analytical, 
Boulder, CO) for semi-continuous measurements of the soluble PM2.5 light absorption 
spectra and water soluble organic carbon (WSOC) concentration. Light absorption 
spectra between wavelengths of 200 and 800 nm at a resolution of 1 nm were recorded 
with a UV/Vis spectrophotometer at a time resolution of 15 min for complete absorption 
spectra and 1 min for absorption at selected wavelengths (365 and 700 nm). Absorption 
data for all wavelengths were referenced to absorption at 700 nm, a wavelength where 
contributions from ambient brown carbon are expected to be zero, to account for any 
baseline drift during the study. For ease of analysis we focus on the absorption averaged 
between 360 and 370 nm (bap365) as an overall proxy of soluble brown carbon. Three 
background measurements were performed daily (3:00, 10:00 and 19:00), each for 20 
min, and both absorption and WSOC data were blank-corrected by interpolation between 
measurements. Overall measurement uncertainty was ~8% and the limit of detection 




system and analysis of absorption data is described elsewhere [Hecobian et al., 2010]. 
The absorption Angström exponent  (Åa, where bap ~ λ-Åa) as a measure of the spectral 
dependence of aerosol light absorption, was determined from the linear regression fit of 
bap for wavelengths between 300 and 600 nm on log-log plots.  
4.2.3 Offline filter sampling and analysis 
During CalNex, PM2.5 and PM1 high-volume filter samples were collected on the 
roof of the Keck Building located on the Caltech campus approximately 0.3 km 
southwest of the Pasadena ground site for offline chemical analyses. PM1 samples from 
June 4 and 14, 2010 with an integration time of 3-4 hr were analyzed for carbon isotopes 
[Szidat et al., 2004]. On June 4, 10 and 13, 2010, PM2.5 high-volume filter samplers 
(Tisch Environmental) operated at a nominal flow rate of 1.13 m3 min-1 were used to 
collect particles onto pre-baked quartz-fiber filters (Pall Life Sciences) following an 
intensive sampling schedule, where filters were changed every 3-6 hr. Chemical 
characterization of light-absorbing brown carbon constituents was performed using ultra 
performance liquid chromatography (UPLC) coupled with diode array detection (DAD) 
and high-resolution quadrupole time-of-flight mass spectrometry equipped with an 
electrospray ionization source (ESI-HR-Q-TOF-MS, Agilent 6500 Series) for separation,  
identification, and structural elucidation. Briefly, samples were flowing through the 
UPLC system, detected by a DAD scanning the absorbance from 200 to 800 nm, and 
subsequently analyzed by an on-line ESI-HR-Q-TOF mass spectrometer to acquire 
accurate mass data for compositional information.  




water and analyzed for WSOC concentration via a TOC analyzer and soluble PM2.5 light 
absorption using LWCC-spectrophotometer. Another punch of the filter samples was 
dissolved in 30 ml of Methanol (HPLC grade, Fisher Chemical) for total PM2.5 light 
absorption measurement using the same LWCC. Similar filter sampling and analysis 
were not performed in Riverside or Atlanta. PM2.5 OC and EC from the intensive filter 
samples were analyzed using a counter-top Sunset Labs OCEC Analyzer (Sunset 
Laboratory Inc., Tigard, OR) following NIOSH TOT protocol [NIOSH, 1996]. 
4.3 Results and discussion 
4.3.1 Light-absorbing organic aerosol in the LA Basin 
4.3.1.1 Characteristic of bulk soluble brown carbon measured in the LA Basin 
The water-soluble fraction of fine particle (PM2.5) organic aerosols (OA) depends 
on the source and age of the aerosols. Since the biomass burning influence on OA 
concentration was minimum during CalNex [Hayes et al., 2012], the measured WSOC is 
expected to be mainly from SOA formation, which is also supported by the strong 
correlation between WSOC and AMS-OOA (r2 = 0.74) [Zhang et al., 2012b]. 
Measurements of the major SOA components, including WSOC, AMS-OOA, and small 
organic acids [Veres et al., 2011; Liu et al., 2012; Zhang et al., 2012b], all show a similar 
diurnal pattern at the Pasadena ground site. The formation of these SOA components was 
largely driven by photochemistry as they reached their peak concentrations in mid-
afternoon (14:00-15:00 PDT) following daily peak concentrations in primary pollutants, 
such as EC and VOCs. The major source of LA SOA is anthropogenic emissions, and a 




et al., 2011; Bahreini et al., 2012; Hayes et al., 2012]. Consistent with the low 
hygroscopicity of the LA SOA, WSOC comprised only ~ 26% of the total OC (estimated 
from AMS OM measurements), which is much smaller a fraction than those reported in 












































Figure 4.1 Time series of WSOC concentration and bulk (solution) WSOC light 
absorption at 365 nm (bap365) in Pasadena (LA) and Riverside during CalNex. 
The soluble fraction of light-absorbing OA (i.e. soluble brown carbon) was 
measured using online PILS-LWCC technique simultaneously in Pasadena and Riverside 
during CalNex. Figure 4.1 shows the time series of bulk WSOC light absorption at 365 
nm (bap365), a measure of soluble brown carbon, and WSOC concentration. At both sites 
bap365 closely tracked the variations of WSOC (r2 of bap365 versus WSOC is 0.55 for 
Pasadena and 0.68 for Riverside), suggesting SOA formation as the major source of 
soluble brown carbon in LA. Riverside is located approximately 80 km to the east-




primary pollutants originated from the LA downtown travelled downwind to Riverside 
and undergo further oxidation en route. As a result, the air masses are expected to be 
more aged and well mixed in Riverside than Pasadena, which may explain the better 
correlation between bap365 and WSOC in Riverside. 
Scatter plots of bap365 versus WSOC for Pasadena and Riverside are shown in 
Figure 4.2, where the regression slope represents the average mass absorption efficiency 
at 365 nm (MAE365) of the bulk solution. MAE365’s are similar at the two sites, ranging 
from 0.70 to 0.73 m2 g-1C with an average of 0.71 m2 g-1C for the overall LA soluble 
brown carbon. Compare to pure (i.e. uncoated) soot that has an MAE of 7.5±1.2 [Bond 
and Bergstrom, 2006], soluble organic aerosols are weak light absorbers since a 
significant mass fraction likely does not absorb light. Further speciation of the light-























Figure 4.2 Bulk WSOC mass absorption efficiency (MAE, bulk absorption at 365 nm per 




The LA spectral dependence of soluble brown carbon, characterized by the 
absorption Angström exponents (Åa), varied between 1.2 and 5.4 with a study mean of 
3.2 ±1.2 for curve fits over wavelengths between 300 and 600 nm. The relatively rapid 
decrease in absorption with increasing wavelength is the characteristic of brown carbon. 
As shown in Figure 4.3, there was not a strong diurnal variation of Åa despite soluble 
brown carbon (bap365) concentrations changing drastically throughout the day. Thus, 
although the concentrations of light-absorbing WSOC (bap365) varied substantially due 
mainly to factors influencing SOA formation (Figure 4.1) and to a lesser extent primary 
emissions (discussed in Sect. 4.3.2.1), the light absorption properties of the combined 
chromophores in the solution were very similar, which indicates that the chemical 





























Figure 4.3 Diurnal variation of absorption coefficient (bap365) and the mean soluble 
brown carbon Angström exponent (Åa) (fitted between 300 and 600 nm) plus/minus one 




4.3.1.2 Chemical speciation of LA light-absorbing SOA constituents 
PAHs emitted from anthropogenic sources are a significant class of SOA 
precursors in LA [Hersey et al., 2011]. Environmental chamber experiments have shown 
that the photo-oxidation of aromatics (e.g., toluene) under high-NOx conditions produces 
brown SOA [Jaoui et al., 2008; Zhong and Jang, 2011]. Fifteen intensive filter samples 
collected in Pasadena during CalNex (on June 4, 10 and 13 with an integration time of 3-
6 hr) were analyzed by UPLC/ESI-HR-Q-ToFMS and a number of nitrogen-containing 
mono- and poly- aromatic SOA constituents were identified and quantified. 
Measurements of standard solutions (discussed further below) of these nitro-aromatics 
with the LWCC-spectrophotomer showed that they absorb light over a wide range of 
wavelengths (i.e. between 300-500 nm), and depending on their molecular weights, had 
maximum absorption at different wavelengths (Figure 4.4). Table 4.1 lists the identified 
nitro-aromatic compounds and the correlations of their ambient concentrations with the 
overall bulk bap365 measured from the same filter samples. Some of these nitro-aromatics 
were highly correlated with bap365, indicating that they likely had similar sources and/or 
formation processes. Other identified aromatic SOA components that do not have a 
nitrogen group, such as aromatic acids (e.g., benzoic acid and phthalic acid), absorb 




















































































































































Figure 4.4 UV-Vis absorption spectra of the individual nitro-aromatic compounds 
identified with UPLC/ESI-Q-ToFMS, recorded with solutions of commercial standards. 
The example spectra of the standards were recorded at different concentration levels for 









Table 4.1 Identified nitro-aromatic compounds by UPLC/ESI-Q-ToFMS and their 
correlation coefficients with bulk WSOC light absorption at 365 nm (bap365). 
Formula ESI ion mode Molecular structure r
2 with bulk bap365  
(N =15) 
*C6H5NO3 Negative 
                
0.06 
*C6H5NO4 Negative 
       
0.84 
*C7H5NO5 Negative 
    
0.79 
*C10H7NO3 Negative 
            
0.56 
*C8H9NO3 Negative 
     
0.19 
*C7H7NO3 Negative 
     
0.18 
*C7H7NO4 Negative 






Table 4.1 Continued. 
Formula ESI ion mode Molecular structure r
2 with bulk bap365  
(N =15) 
*C7H6N2O5 Negative 


















     
0.64 




The contribution of the absorption by each nitro-aromatic compound to the total 
observed bap365 was estimated from the mass absorption efficiency at 365 nm (MAE365) 
of the individual compound. Authentic standards were commercially available for eleven 
of the nitro-aromatic compounds identified (labeled in Table 4.1). The standards were 
dissolved in 18-MΩ Milli-Q water and diluted in series to a range between 100 ppbC and 
2 ppmC. The liquid solutions were then measured for WSOC concentration and light 
absorption. Figure 4.4 shows example absorption spectra for these standard solutions at 
different carbon concentration levels. Table 4.2 summarized the bulk MAE365 and 
ambient concentrations of the eight light-absorbing compounds that exhibited positive 
correlation (r > 0) with the total soluble brown carbon. The MAE365 of the individual 
compound was generally more than an order of magnitude larger than the MAE365 for 
ambient brown carbon measured in LA and Riverside (Figure 4.2), or laboratory-
generated SOA, such as toluene-SOA (MAE350 of 0.57 m2 g-1) [Zhong and Jang, 2011] 
and aged limonene-SOA (MAE350 of 0.07 m2 g-1) [Bones et al., 2010]. The average mass 
concentrations of individual compounds from the filter samples were in the range of a 
few ng m-3. As a result, the light absorption of each compound, calculated as the product 
of the ambient carbon mass concentration and the MAE, accounted for only a few percent 
of the total absorption. Among the eight compounds, 4-nitrocatechol (C6H5NO4) is 
identified as the largest contributor, which also has the highest correlation coefficient (r2 
= 0.84) with the bulk bap365 (Table 4.1), suggesting a similar formation process of the 
overall soluble brown carbon and 4-nitrocatechol. Overall, the absorption from these 
eight nitro-aromatic compounds comprises approximately 3.8% of the bulk bap365 (Table 




mixture” that is typically seen in chromatographic separation of ambient organic aerosols 
[Robinson et al., 2007]. Figure 4.5 shows the UPLC-DAD chromatographs at 365 nm of 
one CalNex filter sample together with mixed nitro-aromatic standards and blank filter 
injections. These overlaid chromatographs clearly show that besides the seven 
compounds identified with the UPLC/ESI-Q-ToFMS, there are many more unresolved 
species that contribute to the overall light absorption at 365 nm (indicated by the 
increased baseline between 5 and 13 min only seen in the ambient sample injection). The 
UPLC/ESI-Q-ToFMS operated in positive ion mode identified several more nitrogen-
containing compounds that likely absorb light at 365 nm, but their molecular structures 
are still tentative. Table 4.3 listed these nitro-containing compounds and the correlation 
coefficients of their relative abundance (i.e. normalized peak area) with the bulk bap365. 
More work is needed to fully characterize and quantify these compounds. 
Table 4.2 Contribution of light absorption from each identified nitro-aromatic compound 
to the total observed bulk bap365. 










C6H5NO4 15.4 1.67 0.012 1.37 
C7H5NO5 8.1 0.92 0.0034 0.39 
C10H7NO3 6.4 0.14 0.00058 0.07 
C8H9NO3 9.5 0.92 0.0050 0.58 
C7H7NO3 10.1 1.24 0.0069 0.79 
C7H7NO4 19.6 0.36 0.0035 0.41 
C12H9NO4 2.22 0.047 0.000064 0.007 






Figure 4.5 Overlaid UPLC-DAD chromatograms at 365 nm of CalNex filter sample, 
mixed nitro-aromatic standards and blank quartz filter injections. 
Table 4.3 The nitrogen-containing compounds identified by UPLC/ESI-Q-ToFMS 
operated in positive ion mode and their correlation coefficients with bulk WSOC light 
absorption at 365 nm (bap365). 
Formula ESI ion mode r
2 with bulk bap365  
(N =15) 
C5H5N5O3 Positive 0.01 
C7H10N4 Positive 0.52 
C8H19N Positive 0.77 
C9H19NO Positive 0.48 
C10H19NO5 Positive 0.84 
C11H15N5O Positive 0.83 
 
4.3.1.3 Water-soluble fraction of the total brown carbon in LA 
As discussed in Sect 4.3.1.1, since the SOA within the LA Basin is relatively 
fresh, the water-soluble fraction of the total OC is generally low (on the order of 25%). In 
this section, the soluble fraction of the nominal total brown carbon (i.e. methanol-extract) 
Red line: intensive sampling filter (UNC_060410_047: 12 PM-3 PM) 
Blue line: 10 ppm nitroaromatic mixed standards 
Black line: solvent blank 
Light-Blue line: Field Blank (blank quartz filter) 
 
LC/ESI-MS Chromatogram (positive ion mode) 
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is investigated based on intensive filter samples collected at the Pasadena site during 
CalNex. A punch of the high-volume filter sample was extracted in methanol, and the 
absorption spectrum was compared to that from the water-extract of another punch from 
the same sample. Chen and Bond [2010] found that using methanol approximately 98% 
of the OC can be extracted from the filters and thus the absorption by methanol-extracts 
is considered to represent the absorption of total brown carbon. Figure 4.6a shows the 
average absorption spectra of water-extracts and methanol-extracts from the 15 filters 
collected on June 4, 10 and 13 (with an integration time of 3-6 hr) during CalNex. The 
methanol-extracts have higher absorption than the water-extracts across all wavelengths 
between 300 and 700 nm, consistent with previous findings by Sun et al. [2007] and 
Chen and Bond [2010]. From our data, the absorption by total brown carbon is on 
average 3.2 ± 1.1 and 20.5 ± 14.1 times higher than that by soluble brown carbon at 365 
and 532 nm, respectively (the absorption Angström exponents of the two extracts are 
compared below). Since WSOC comprised 42-82% of OC for the filter samples, the bulk 
MAE365 of the total brown carbon (absorption by the methanol-extracts per OC mass) 
was 2.2 times larger than the MAE365 for soluble brown carbon. This implies that the 
water-insoluble fraction of OC was highly absorbing, contributing 16-80% of the total 
absorption and on average was 4.2 times more absorbing than WSOC. Chen and Bond et 
al. [2010] suggested that these strongly light-absorbing components are likely large 
molecular PAHs such as quinones from biomass burning and fossil fuel combustion [Sun 
et al., 2007].  The total and soluble brown carbon are well correlated (r2 = 0.67, Figure 
4.7a), and the fraction of water-soluble brown carbon exhibited a negative relationship 
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Figure 4.6 Averaged absorption spectra of water and methanol (MeOH) extracted 
ambient brown carbon from quartz-fiber filter samples during CalNex, plotted on a) 
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Figure 4.7 Scatter plot of a) methanol (MeOH) versus water extracted brown carbon 
(bulk absorption at 365 nm), color-coded by EC concentration measured from the filters, 
and b) the fraction of water-soluble of total brown carbon (methanol-extract) at 365 nm 




It is noteworthy that the Åa (between 300 and 600 nm) derived from the water-
extracted and methanol-extracted brown carbon spectra were significantly different 
(Figure 4.6b). Åa for water-soluble brown carbon from the filter samples had a mean (± 
one standard deviation) of 7.58 (± 0.49), in the same range as those reported for biomass 
burning HULIS [Hoffer et al., 2006] and aged SOA in the southeastern U. S. [Hecobian 
et al., 2010], but was significantly higher than the average Åa (3.2 ± 1.2) derived from 
online soluble brown carbon measurements using PILS (Figure 4.3). In contrast, the total 
brown carbon from filters extracted in methanol had an average Åa of 4.82 ± 0.49, closer 
to the online PILS Åa. As can be seen from the absorption spectra of the individual nitro-
aromatics shown in Figure 4.4, compounds with higher molecular weight tend to absorb 
more at longer wavelengths, resulting in lower Åa, consistent with findings by Apicella et 
al. [2004] showing that more aromatic rings (i.e. a higher degree of conjugation) within 
the molecules make the absorption shift to longer wavelengths. These combined results 
suggest that the difference in Åa from various measurements may be related to the 
solubility of the compounds. Large molecular PAHs that absorb more toward the visible 
range have a lower water-solubility compared to small organic compounds. Therefore, 
the absorption spectra of the methanol-extracts are expected to have a lower Åa than those 
of the water-extracts. Compared to the filters extracted in water, PILS samples may 
produce a more soluble environment since the solutions are roughly a factor of 10 more 
dilute and the sample is heated (PILS is based on steam condensation collection system), 
which may increase the solubility. This may result in a lower Åa of PILS extracts than 
aqueous filter extracts. Since the mass fraction of the chromophores to the total WSOC is 




would not be detected in comparisons of carbon mass concentrations. More experiments 
on filter extraction under various conditions can help test these hypotheses, however, the 
results from this work suggest that measurements of bulk light absorption from aqueous 
filter extracts (e.g., [Hecobian et al., 2010]) are likely to significantly under-predict light 
absorption, especially at higher wavelengths. 
In summary, LA SOA from anthropogenic sources had a consistent brown color 
and one component of the brown SOA identified is the nitro-aromatic compounds. In the 
next section (Sect. 4.3.2), online WSOC and light absorption data collected in Atlanta are 
contrasted to the measurements made in LA, and the factors contributing to the different 
light-absorbing properties of soluble organic aerosols in these two environments are 
explored. 
4.3.2 Contrasting light-absorbing SOA in LA and Atlanta  
4.3.2.1 LA soluble brown carbon 
Figure 4.8a shows the diurnal profiles of bap365, WSOC and EC concentrations at 
the Pasadena site during CalNex. .bap365 followed a consistent diurnal trend in LA that 
largely tracked the formation and dispersion of SOA. Enhancement in EC near noon 
(average increase of 0.48 µg C m-3) indicated arrival of the LA plume and was later 
followed by simultaneous increases in bap365 and WSOC from a background of 0.5 M m-1 
and 0.9 µg C m-3 at ~9:00, respectively, to a daily maximum of 1.5 M m-1 and 2.0 µg C 
m-3, which occurred at 15:00. Brown carbon largely tracked WSOC and other 
independent measures of SOA throughout the day, indicating a strong association 




contributes to primary brown carbon [Hecobian et al., 2010]. Pasadena is a receptor of 
LA emissions. The advection time from LA and photochemical SOA production in early 
afternoon resulted in overlapping trends in EC and WSOC (SOA), tending to merge 
primary and secondary sources of brown carbon. SOA formation was the strongest 
source, indicated by a stronger correlation of brown carbon with WSOC (r2 of 0.55) than 
with EC (r2 of 0.38) and by differences in weekend-weekday data. Reduced weekend 
traffic (especially diesel) would be expected to reduce primary emission levels, but have 
less of an influence on secondary formation (WSOC). The amount of bap365 per EC mass 
was nearly doubled on the weekend (bap365/EC linear regression slope in Table 4.4), 
whereas bap365 to WSOC slopes remained similar, suggesting different sources for brown 










































































Figure 4.8 Study mean diurnal profiles of the PM2.5 components; elemental carbon (EC) 
and the water-soluble extract light absorption at 365 nm (bap365) and organic carbon mass 
(WSOC) measured at a) Pasadena, CA (June 1 to June 15, 2010) and b) Atlanta, GA 





Table 4.4 Comparison of mean properties for all study data and for weekday and 
weekend data. Pasadena and Atlanta weekend data are from 2 weekends and 5 weekends, 
respectively. 
  Pasadena Atlanta 
bap365, M m-1 0.88 ± 0.71 0.61 ± 0.38 
WSOC, µg C m-3 1.00 ± 0.72 2.03 ± 1.01 
EC, µg C m-3 0.60 ± 0.33 0.33 ± 0.26 
 Weekday  Weekend  Weekday  Weekend  
Slope* (r2) bap365 vs. EC 1.25 (0.41) 2.45 (0.58) 1.15 (0.44) 1.60 (0.36) 
Slope* (r2) bap365 vs. WSOC 0.77 (0.48) 0.69 (0.73) 0.19 (0.21) 0.11 (0.29) 
 
4.3.2.2 Atlanta soluble brown carbon 
Example spectra of WSOC-extracts showing the wavelength dependence of 
brown carbon absorption for two time periods identified in Figure 4.8 are shown in 
Figure 4.9. Although a similar spectral dependence of absorption was observed in Atlanta 
(mean Åa at 3.4 ± 0.7), the association between brown carbon and WSOC in Atlanta was 
different from that in LA. Variability of brown carbon in Atlanta was more associated 
with primary vehicle emissions; brown carbon was better correlated with EC (r2 of 0.50) 
than with WSOC (r2 of 0.25), opposite to LA. The average Atlanta diurnal trends show 
that brown carbon and WSOC exhibited moderate enhancements at different time periods 
during the day relative to a high background (Figure 4.8b). Since the site is located in the 
urban center, unlike Pasadena as a LA receptor, Atlanta local rush hour is evident by a 
strong EC enhancement between 5:00 and 8:00. The dominant brown carbon diurnal 
feature is that it tracks morning rush hour EC. Boundary layer expansion and reduced 
traffic account for the sharp EC decrease and leveling off in the afternoon to ~0.2 µgC m-




Atlanta is identifiable as the daytime increase in WSOC between 9:00 and 18:00, a 20-
30% enhancement over the regional background observed at a rural site 55 km northwest 
of Atlanta (Yorkville, GA). During this period when WSOC (SOA) was photochemically 
produced within the city, brown carbon only exhibited minor enhancement (Figure 4.8b). 
Furthermore, unlike LA where the weekday and weekend bap365/WSOC slopes were 
similar, in Atlanta this slope was much lower on the weekend. In contrast, the bap365/EC 
slopes were similar in Atlanta on weekday and weekend (Table 4.4). In both cities, daily 
enhancements in brown SOA may be from light-absorbing compounds formed in the gas 
phase that partition to the particles, such as nitro-aromatics, given that they were 
produced rapidly. Heterogeneous reactions leading to brown SOA tend to be slower, but 
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Figure 4.9 Study mean absorption spectra between wavelengths 300 and 550 nm at 
selected time periods (A-D are identified in Figure 4.8) in Pasadena (n = 15) and Atlanta 





4.3.2.3 Regional brown carbon in the southeast 
Although fresh Atlanta WSOC is less light absorbing than LA WSOC, our 
measurements of light-absorbing properties of WSOC throughout the southeastern U.S. 
show that brown carbon is a ubiquitous component of WSOC [Hecobian et al., 2010]. 
Similar analytical measurements of brown carbon (bap365) and WSOC made off-line on 
aqueous extracts from PM2.5 24-h integrated filters collected at various sites throughout 
the southeast showed that bap365 and WSOC were correlated at all sites (for rural sites r = 
0.5 to 0.7; for urban sites r = 0.7 to 0.9). A factor analysis indicated that in summer the 
variability of bap365 was linked with aerosol oxalate concentrations [Hecobian et al., 
2010]. Although further analysis is needed to understand the source of this brown WSOC 
and oxalate, the results are consistent with laboratory studies that show water-soluble 
dicarbonyls, such as glyoxal and methylglyoxal, produced from isoprene oxidation can 
form brown SOA via aqueous phase reactions, when mixed with a source of nitrogen 
(e.g. ammonium, amines) [Shapiro et al., 2009; Sareen et al., 2010]. Aqueous reactions 
are also a known source of oxalate (e.g., [Sorooshian et al., 2006]). However, given the 
relatively slow rate of these brown carbon-forming reactions in the aqueous phase (from 
several hours to ~day) [Sareen et al., 2010], and that no concurrent increase in oxalate 
was observed between 9:00 and 18:00 within Atlanta (not plotted), it appears that this 
regional formation process differs from the urban brown carbon source that we associate 
with the fresh daily WSOC production discussed above. 
4.3.2.4 Why is fresh Atlanta WSOC (SOA) less light-absorbing than LA? 




Atlanta WSOC. The slope of bap365/WSOC in LA ranged from 0.69 (weekdays) to 0.77 
m2 g-1C (weekends), whereas in Atlanta bap365/WSOC was only between 0.11 (weekends) 
and 0.19 m2 g-1C (weekdays) (Table 4.4).  
Differences in light-absorbing properties of fresh SOA between LA and Atlanta 
may be attributed to different SOA precursors within the two urban environments, 
resulting in different types of SOA, and possibly SOA formation mechanisms. 
Radiocarbon analysis of CalNex PM1 filters show a significant afternoon enhancement of 
only fossil carbon; the increase of fossil carbon between 12:00 and 18:00, relative to 
other times of day, was ~4.5 times larger than that of modern carbon. Our observed 
linkage between aromatic photo-oxidation products in a high-NOx environment and 
brown SOA (bap365), and overall correlation of bap365 with LA WSOC, suggest brown 
SOA may be a general characteristic of fresh anthropogenic SOA in urban (high NOx) 
environments. Radiocarbon analysis of Atlanta summertime WSOC has shown that it is 
largely modern [Weber et al., 2007], consistent with high isoprene emissions in the 
southeast [Müller et al., 2008]. Thus, one possible reason why urban Atlanta produces 
less light-absorbing SOA within the city is that biogenic VOCs play a more dominant 
role. 
Chamber experiments have investigated the optical properties of SOA produced 
from anthropogenic and biogenic VOCs and found greater light absorption from 
anthropogenic (aromatic) components [Zhong and Jang, 2011; Nakayama et al., 2010]. 
Jaoui et al. [2008] found that a significant mass of light-absorbing compounds were 
formed from irradiation of toluene/α-pinene mixture in the presence of NOx; however, 




isoprene oxidation reactions than aromatics, which sequestered NOx and consumed the 
limited oxidants within the chamber. The Jaoui et al. [2008] results are curiously similar 
to our LA-Atlanta comparison in that fresh SOA formed in an anthropogenic (aromatics)-
dominated environment is much more light-absorbing than one involving a mix of 
anthropogenic and biogenic (isoprene) VOCs. However, the Jaoui et al. [2008] 
experiments were performed under dry (30% RH) conditions, and it is known that 
isoprene and aromatic oxidation in high-NOx regimes preferentially leads to low 
molecular weight (higher vapor pressure) water-soluble carbonyls that can partition to 
water and form SOA [Ervens et al., 2011]. Thus, if sufficient aerosol water is present, an 
aqueous SOA route may be important in a high-NOx/isoprene environment. Evidence for 
enhanced partitioning of WSOC to the particle phase has been observed in Atlanta 
[Hennigan et al., 2009] but not in LA; an analysis of CalNex data suggests the 
partitioning preference in LA was to the pre-existing organic phase [Ervens et al., 2011]. 
Other ambient studies have also reported preferential formation of modern (biogenic) 
SOA in polluted environments [de Gouw et al., 2005; Weber et al., 2007; Hoyle et al., 
2011].  
4.3.3 Optical importance of brown carbon 
Due to its high spectral dependence, the brown carbon absorption in the UV range 
is significant, and thereby may influence photochemistry and thus reduce tropospheric 
ozone concentration [Jacobson, 1998]. Compared to black carbon or soot, organic 
compounds are weak absorbers in the visible range and their overall contribution to the 




BC emissions from motor vehicles are large [Andreae and Gelencsér, 2006]. An analysis 
of the LA aerosol optical properties during CalNex suggested that soluble brown carbon 
contributed less than 25% to the overall measured absorption in the mid-visible range 
[Thompson et al., 2012], contributions from the total brown carbon (methanol-extract) 
would be significantly larger. However, in rural regions where BC level is low and SOA 
from biogenic emissions are prevalent, the absorption by brown carbon may play a larger 
role. For example, based on filter measurements throughout 2007 at Yorkville, a rural site 
in Georgia, WSOC on average had an MAE of 0.12 m2 g-1 at 365nm [Hecobian et al., 
2010]. Given that the typical WSOC mass concentration in the summer was 
approximately 6 µgC m-3 [Weber et al., 2007], the expected absorption by WSOC at 365 
nm in Yorkville was 0.72 M m-1. Although pure BC has a much higher MAE (7.5 m2 g-1) 
compared to WSOC [Bond and Bergstrom, 2006], in rural areas like Yorkville the EC 
concentration are generally very low (~0.15 µgC m-3) [Weber et al., 2007]. Therefore, the 
absorption by soluble brown carbon and BC are comparable near the UV range. 
Depending on the Åa of soluble brown carbon (~7.0 from filter extracts and ~3.5 based on 
online PILS data), the absorption coefficient at mid-visible wavelengths (e.g., 532 nm) 
would fall to 0.25 (Åa = 3.5) to 0.07 M m-1 (Åa = 7.0), contributing roughly 10 to 33% to 
the total absorption, which is still significant. It is noteworthy that these estimates are 
based on bulk light absorption measurements and do not consider particle size.  Recent 
work on size-resolved measurements of soluble brown carbon and application of simple 
Mie theory indicates that the estimated absorption by brown carbon would be even higher 
(Jiumeng Liu, personal communication). A detailed radiative transfer model that includes 




BC coatings effects is needed to fully address the optical impacts of brown carbon. 
4.4 Conclusions and implication 
Online and offline measurements of brown carbon were carried out in the spring-
summer of 2010 in the LA Basin and Atlanta to study the optical and chemical properties 
of light-absorbing organic aerosols. The major source of LA soluble brown carbon was 
secondary organic aerosol (SOA) formation. Radiocarbon measurements of filter samples 
show that LA SOA was mainly from fossil carbon and chemical analysis of aqueous filter 
extracts identified nitro-aromatic compounds as one component of LA brown SOA, but 
the contribution of individual compound to the total observed light absorption was small 
(on the order of several percent). The absorption by total brown carbon extracted in 
methanol was on average 3.2 ± 1.1 and 20.5 ± 14.1 times higher than that by soluble 
brown carbon at 365 and 532 nm, respectively, suggesting that the water-insoluble 
organic aerosol was much more absorbing than the soluble fraction in LA.  
The WSOC mass absorption efficiency (MAE) of the freshly-formed WSOC, 
defined as the bulk absorption per soluble carbon mass at 365 nm, was 4 to 6 times higher 
in LA than in Atlanta. Interpreting soluble brown carbon as a property of fresh 
anthropogenic SOA, the difference in the MAE between these two cities suggests most 
fresh secondary WSOC formed within Atlanta is not from an anthropogenic process 
similar to LA. Contrasting emissions of biogenic volatile organic compounds may 
account for these differences. The results between LA and Atlanta suggest that water-
soluble brown carbon can be a prevalent component of SOA freshly produced from 




Applied to a LA-Atlanta comparison, it supports other studies that suggest SOA formed 
in an anthropogenic/biogenic VOC mixture under high-NOx conditions would 
preferentially generate SOA from the biogenic emissions and alter the SOA properties 
(e.g., optical) and possibly formation mechanism (e.g., partitioning preference, discussed 










How semi-volatile compounds partition between the gas and particle phase 
influences the mass, size and chemical composition of the secondary organic aerosols 
formed. Despite its fundamental importance to SOA formation, few studies have reported 
gas-particle partitioning in the ambient atmosphere. Previous studies of SVOC 
partitioning have been limited to a few alkanes and alkanoic acids [Williams et al., 2009], 
carbonyls [Matsunaga et al., 2005], carboxylic acids [Fisseha et al., 2006; Liu et al., 
2012], and PAHs [Terzi and Samara, 2004]. Instead of investigating single compounds, 
an alternative approach for studying partitioning is to measure a group of compounds 
with similar properties, such as water-soluble organic carbon in both gas (WSOCg) and 
particle phase (WSOCp) [Hennigan et al., 2008a, 2009]. This approach allows for the 
examination of integrated gas-particle partitioning behaviors of a large class of SVOC 
compounds and a substantial fraction of SOA mass. An analysis by Hennigan et al. 
[2008a] found that in Atlanta WSOC partitioning was related to ambient relative 
humidity (RH), and hence aerosol water content, highlighting the importance of uptake of 
soluble VOCs by dissolution as a source of SOA mass and the potential for some of those 
compounds to remain in the aerosol phase through multiphase reactions that produce 
lower volatility products. The reversibility of the observed WSOC partitioning, especially 




Previous study in Mexico City has found that roughly 25% the WSOC may re-partition 
when RH was reduced [Hennigan et al., 2008b]. 
In this chapter, we contrast the partitioning of WSOC in LA and Atlanta based on 
data obtained from a suite of instruments deployed during the spring/summer of 2010. 
We find that gas-particle partitioning of WSOC differs between Atlanta and LA, 
providing important insight on SOA formation pathways in these two urban 
environments. The findings are consistent with additional contrasts in the partitioning 
behaviors of formic acid [Liu et al., 2012], concentrations and trends of specific aerosol 
components (oxalate), as well as some physical properties of SOA (WSOC light 
absorption, detailed in Chapter 4) between the two cities.  
5.2 Experimental methods 
5.2.1 Field sites 
Ambient gas and particle measurements were carried out in Pasadena, CA and 
Atlanta, GA in the spring and summer of 2010, respectively; each study was one month 
in duration. Measurements at the Pasadena ground site were conducted on the campus of 
the California Institute of Technology from May 15 to June 15, 2010 as a part of the 
CalNex-LA field campaign. The site (34.140582 N, 118.122455 W) was located ~16 km 
downwind of downtown LA, and was regularly impacted by urban plumes advected from 
LA [Veres et al., 2011]. General details of the sampling location and spring/summer 
climatology were provided by Hersey et al. [2011] and Washenfelder et al. [2011]. 
Atlanta measurements were made from August 6 to September 7, 2010 in the rooftop 
laboratory of the Ford Environmental Science and Technology building on the Georgia 




Atlanta. The measurement platform was 30-40m above the ground, situated ~400 m from 
a heavily traveled interstate highway. A number of studies have reported ambient data 
collected from this site [Hennigan et al., 2008a; 2009; Hecobian et al., 2010; Zhang et al., 
2011]. 
5.2.2 Instrumentation 
5.2.2.1 Gas and particle phase WSOC measurements 
Gaseous and particulate WSOC (i.e. WSOCg, WSOCp) concentrations were 
determined with a Mist Chamber/Particle-Into-Liquid Sampler–Total Organic Carbon 
Analyzer (MC/PILS-TOC) system [Hennigan et al., 2009]. During CalNex, the 
instruments were situated inside a trailer where the temperature was kept at ~25 °C. The 
sample inlet was ~7 m above the ground and 8.8 m long, and were insulated to minimize 
the temperature and RH changes of the sampled air before entering the instruments. Gas-
phase samples were collected in a five-minute batch using a glass MC fitted with a 
Teflon filter (47 mm dia., 2.0 µm pore size, Pall Life Sciences) upstream to remove 
particles in the sampled air. Aerosol samples were collected continuously via a PILS with 
a PM2.5 cut size cyclone and a parallel plate carbon denuder [Eatough, 1993]. Both 
gaseous and particulate samples in the aqueous stream were transferred through a 0.45 
µm pore PTFE syringe filter (Fisher Scientific) alternatively to a single TOC analyzer 
(GE Analytical) to quantify the carbon content in the solution. For the PILS channel, 
PM2.5 light absorption spectra of soluble aerosol components were measured using a UV-
Vis spectrophotometer with 1-m liquid-waveguide capillary absorption cell (World 




5.2.2.2 Other co-located aerosol measurements 
PM2.5 organic carbon (OC) and elemental carbon (EC) were quantified semi-
continuously with a Sunset Labs OCEC Analyzer (Sunset Laboratory Inc., Tigard, OR). 
The measurements consisted of a 45-min sampling period followed by 15-min of 
analysis. A parallel plate carbon denuder was placed inline to remove volatile gases 
[Eatough et al., 1993]. Periodic blank measurements were made throughout the study by 
placing a Teflon filter (47 mm dia., 2.0 µm pore size, Pall Life Sciences) on the PM2.5 
inlet. Blank-corrected optical EC and OC data are reported in this paper. PM2.5 soluble 
organic acids (e.g., formate and oxalate) and inorganic anions (e.g., NO3-) were measured 
with a PILS coupled to a Dionex Ion Chromatograph with conductivity detection (PILS-
IC) [Liu et al., 2012].  
Exclusive to the CalNex study, non-refractory PM1 (NR-PM1) components were 
measured with a high-resolution time-of-flight aerosol mass spectrometer (AMS, 
Aerodyne Research Inc.) [DeCarlo et al., 2006; Hayes et al., 2012]. Further separation of 
AMS OA spectra was achieved using Positive Matrix Factorization (PMF) [Ulbrich et 
al., 2009]. In the following analysis of the CalNex data, AMS NR-PM1 NO3- is reported 
since PILS-IC soluble PM2.5 NO3- is shown to be significantly higher due to contributions 
from NaNO3 [Liu et al., 2012; Hayes et al., 2012]. In Atlanta where NaCl is negligible 
[Zhang et al., 2010], PILS-IC PM2.5 NO3- is reported. AMS OA mass (OM) and Sunset 
Labs OC were highly correlated (for complete study r2 = 0.76), but OM/OC ratios were 
significantly higher than expected (regression slope of 3.3 compared to 1.4–2.3 expected 
for typical urban environments [Turpin and Lim, 2001]) [Hayes et al., 2012]. This 




carbon denuder or the collection filter media within the OCEC analyzer [Grover et al., 
2008]. Recent measurements (unpublished) in Atlanta for two weeks in the fall of 2011 
comparing an Aerosol Chemical Speciation Monitor (ACSM, Aerodyne Research Inc. 
[Ng et al., 2011]) with the same Sunset Labs OCEC instrument, operated identically to 
the CalNex study, showed excellent agreement (OM/OC regression slope of 1.7, r2 = 
0.92) between the two instruments, which is consistent with substantially lower 
contributions of semi-volatile SOA in Atlanta [Peltier et al., 2007]. In the following 
analysis, we focused on the qualitative relationship between WSOC gas-particle 
partitioning and OC mass since only OC data were available in both LA and Atlanta. LA 
data are reported in PDT and Atlanta data in EST. All data are reported at ambient 
temperature and pressure. 
5.3 Results 
5.3.1 General diurnal trends of gaseous and particulate pollutants 
LA Diurnal Profiles. Regular and distinct diurnal trends in primary and secondary 
gas and particle phase species were observed at the LA site throughout the measurement 
period (Figure 5.1a). Primary emissions from local sources were identified by the 
morning rush hour peak of EC and other primary VOCs (not plotted) between 5:00 and 
8:00, which were then followed by a substantially larger enhancement of EC (ΔEC of 
0.48 µgC m-3) at 12:00 as air masses were transported from downtown LA to the site 
after 3-5 hours advection time [Veres et al., 2011]. Both WSOCg and WSOCp reached 
their daily maximum concentrations following EC peak abundance in the early afternoon 
when solar radiation was most intense, indicating photochemical production as a major 




µgC m-3 at 5:00 to a daily maximum of 9.6 µgC m-3 at 13:00. The variation of WSOCp 
concentration closely tracked that of AMS OOA (oxygenated organic aerosol) 
component, showing substantial enhancement from a background of 0.6 µgC m-3 in the 
late evening and early morning to a peak value of 1.7 µgC m-3 at 14:00. The correlations 
of WSOCp with OOA and SV-OOA (semi-volatile OOA) were both reasonably good (r2 
= 0.74 and 0.67, respectively), suggesting that the WSOC mass formed in the afternoon 




























































































































































































Figure 5.1 Average diurnal variations of WSOCg, WSOCp and EC (top panel), WSOC 
partitioning coefficient (Fp), NO3- and RH (middle panel), oxalate and soluble brown 
carbon (indicated by bap365) (bottom panel) in a) LA and b) Atlanta. The yellow shadings 





Table 5.1 Summary of statistics of VOC emissions and measured species in Pasadena 
(LA) and Atlanta during the sampling periods. Anthropogenic VOC emissions are from 
EPA National Emissions Inventory (NEI). Isoprene emission data are from MEGAN-
ECMWF [Müller et al., 2008].  
Sampling period 
 Pasadena, CA Atlanta, GA 




Anthropogenic 3.27 x 1013 1.94 x 1013 
Isoprene 8.06 x 1011 3.85 x 1012 
WSOCg 
(µgC m-3) 
Mean ± std. 6.69 ± 3.10 8.64 ± 3.34 
Max 18.52 25.27 
Min 1.10 2.96 
WSOCp 
(µgC m-3) 
Mean ± std. 0.90 ± 0.66 2.04 ± 1.00 
Max 3.68 5.04 
Min 0.01 0.16 
Fp 
Mean ± std. 0.11 ± 0.05 0.19 ± 0.07 
Max 0.23 0.40 
Min 0.002 0.018 
Oxalate 
(µg m-3) 
Mean ± std. 0.065 ± 0.023 0.152 ± 0.019 
Max 0.148 0.217 
Min 0.015 0.127 
 
Atlanta Diurnal Profiles. Diurnal trends of EC, WSOCg and WSOCp observed in 
central Atlanta were distinctly different from those in LA (Figure 5.1b). Unlike the 
CalNex measurement site, the Atlanta site was located in the urban center and therefore 
was immediately impacted by local emissions, identified from the diurnal variation of 
EC. EC exhibited a clear morning rush hour enhancement of 0.19 µgC m-3 (from 0.34 
µgC m-3 to 0.53 µgC m-3) between 4:00 and 7:00 from primary vehicle emissions, and 
decreased sharply afterwards to a daily minimum of 0.21 µgC m-3 in the afternoon as the 
boundary layer expanded. The average EC concentration in Atlanta (0.33 ± 0.26 µgC m-3) 




agreement with anthropogenic VOC emissions in Atlanta being ~60% of those in LA 
based on emission inventories (Table 5.1). However, while WSOCg concentrations tended 
to be in the same range at the two sites, the mean WSOCp concentration was significantly 
higher in Atlanta (Table 5.1).  
Unlike LA where WSOCg and WSOCp exhibited regular and similar diurnal 
patterns, in Atlanta both had only moderate enhancements relative to a high background 
and reached their maximum concentrations at different times of the day. As shown in 
Figure 5.1b, photochemical production led to an increase in WSOCp concentration 
between 9:00 and 16:00, whereas WSOCg, representative of the overall water-soluble 
SVOC trend, continued to build up throughout the day and reached a daily maximum of 
10.0 µgC m-3 at 23:00. This nighttime enhancement in WSOCg has been observed in 
Atlanta during previous summer studies and is thought to be associated with O3 and NO3 
radical oxidation of biogenic VOCs that persist late into the evening [Hennigan et al., 
2009]. WSOCp concentrations at night returned to a regional background level of ~2.0 
µgC m-3, suggesting SVOC formed through dark reaction mechanisms did not contribute 
significantly to the SOA mass relative to daytime production, as has been reported in 
other studies [Hennigan et al., 2009].  
5.3.2 WSOC gas-particle partitioning 
5.3.2.1 RH and particle liquid water content (LWC) 
Particle liquid water content (LWC) was predicted with the ISORROPIA-II 
thermodynamic equilibrium model [Fountoukis and Nenes, 2007] for the NH4+-SO42--




supermicron particles that tend to contain most of the sea-salt related species such as 
NaCl and NaNO3 [Murphy et al., 2006]) and PILS-IC PM2.5 data in Atlanta (where salts 
are not prevalent [Zhang et al., 2010]). Local meteorological data (i.e. RH and 
temperature) were used for both cities. The model results are summarized in Table 5.2. 
As expected, in both cities LWC exhibited a positive relationship with ambient RH, and 
LWC increased rapidly at RH levels above 80%, indicating substantial water uptake by 
the inorganic components when ambient RH reached the deliquescence point of the 
particles in the modeled system. Due to the limitations with model-predicted LWC and 
the fact that the predicted LWC was highly sensitive to RH (especially for RH above 
90%), for simplicity in the following analyses, ambient RH was used as a proxy of LWC 
and hence the aerosol hygroscopicity. 
Table 5.2 Mean particle liquid water content (LWC) predicted by ISORROPIA-II and 
the average Fp values for each RH bin in LA and Atlanta. 
 Los Angeles Atlanta 
RH bin (%) LWC (µg m-3) Fp LWC (µg m-3) Fp 
20-30 0.30 ± 0.12 0.102 ± 0.021 0.29 ± 0.21 0.159 ± 0.053 
30-40 0.59 ± 0.41 0.094 ± 0.041 0.86 ± 0.57 0.175 ± 0.063 
40-50 1.11 ± 0.61 0.127 ± 0.040 1.34 ± 0.72 0.168 ± 0.066 
50-60 3.31 ± 2.59 0.149 ± 0.042 1.77 ± 0.98 0.175 ± 0.064 
60-70 5.80 ± 3.03 0.145 ± 0.045 2.51 ± 1.46 0.188 ± 0.061 
70-80 7.35 ± 4.53 0.123 ± 0.052 3.41 ± 1.94 0.204 ± 0.064 
80-90 11.80 ± 9.12 0.096 ± 0.040 5.61 ± 3.00 0.225 ± 0.062 
90-100 151.26 ± 208.56 0.095 ± 0.035 56.37 ± 96.90 0.264 ± 0.050 
 
5.3.2.2 Diurnal variation of WSOC partitioning coefficient (Fp) 




dependence of Fp on possible absorbing aerosol components, where Fp is defined as the 
fraction of total WSOC (WSOCg + WSOCp) in the particle phase (WSOCp) [Hennigan et 
al., 2008a; 2009]. Figure 5.1 (middle panel) shows the diurnal variations of Fp in LA and 
Atlanta, together with the diurnal profiles of nitrate aerosol concentrations and ambient 
RH. NO3- is formed by partitioning of HNO3 to the particle phase and is enhanced by 
high LWC, low temperature, and the presence of NH3 due to sensitivity to particle pH. 
During CalNex, non-refractory NO3- was the dominant inorganic anion in the fine aerosol 
mode, mainly in the form of NH4NO3 [Hayes et al., 2012]. Liu et al. [2012] examined 
CalNex nitrate partitioning and found a strong dependence of NO3-/HNO3 ratio on 
ambient RH. Since the diurnal variability of NO3- during CalNex resembled that of the 
NO3-/HNO3 ratio [Liu et al., 2012] and no HNO3 measurement was made in Atlanta, only 
the NO3- trend was plotted in Figure 5.1 to represent the partitioning behavior of nitrate 
aerosol. As expected, in both LA and Atlanta, NO3- exhibited a daily maximum 
concentration in early morning, coinciding with higher RH and lower T, similar to 
previous observations in Mexico City by Hennigan et al. [2008b] where they have shown 
that comparisons of NO3- and WSOCp can provide unique insights on secondary aerosol 
formation processes.  
Fp of WSOC had different diurnal patterns and correlations with aerosol water in 
LA and Atlanta. In Atlanta, peak Fp coincided with NO3- at 6:00 when RH was also the 
highest of the day. Shortly after sunrise, NO3- concentration started to decrease as the 
particles began to dry out, and Fp did not follow the sharp decrease of NO3-, but instead 
remained at ~0.20 until the late afternoon, then decreased as WSOCp was approaching 




produced WSOCp and thus followed an opposite diurnal trend to NO3- and RH. These 
different diurnal Fp patterns are apparently related to the different gas-particle 
partitioning behaviors of WSOC in these two contrasting cities, which will be discussed 
next. 
5.3.2.3 Partitioning preference of WSOC in LA and Atlanta 
The partitioning of a species between the gas and particle phase in environmental 
chamber experiments can be predicted by the gas-particle absorptive partitioning theory 
by introducing the temperature-dependent partitioning coefficient (Kp). At a given 
temperature, the partitioning of SVOCs is highly dependent upon the mass loading of the 
absorptive organic aerosols [Pankow, 1994; Odum et al., 1996]. However, recent 
laboratory studies have revealed the importance of an additional SOA formation route, 
involving dissolution of water-soluble VOCs and SVOCs (e.g., small carbonyls) into 
particle water followed by hydration and possibly further oxidation to lower volatility 
products [Ervens et al., 2011 and references therein]. Absorption to water has been 
indirectly observed in the ambient atmosphere through the relationship of Fp with RH 
(and hence particle liquid water content) in Atlanta [Hennigan et al. 2008a; 2009] and the 
positive relationship between RH and the fraction of organic acids in the total organic 
aerosols during airborne studies off the Pacific coast and over the continental U. S. 
[Sorooshian et al., 2010].  
The Fp–RH relationship: Figure 5.2 shows the contrasting WSOC partitioning 
behaviors relative to ambient RH in LA and Atlanta. As expected from the diurnal trends, 
there is no well-defined relationship between Fp and RH (r = -0.36) in LA. The highest 




most SOA was photochemically produced. However, despite on average a 13% lower RH 
in Atlanta than in LA during the sampling periods (Figure 5.1, middle panel), the Fp 
observed in Atlanta exhibited a strong dependence on RH, consistent with findings by 
Hennigan et al. [2008a] in the summer (May through September) of 2007. Atlanta Fp 
showed little variation with an average median value of 0.17 ± 0.01 between 20–70% 
RH, and increased sharply with RH when RH was greater than 70%. Fp reached a 
maximum median value of 0.26 at RH greater than 90%, translating to a mass increase of 
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Figure 5.2 Box plots of Fp versus RH in LA and Atlanta. Data points shown as grey open 
circles are binned by RH. Median values (horizontal bars), 25th and 75th percentiles 
(lower and upper box bounds, respectively), and 10th and 90th percentiles (lower and 
upper whiskers, respectively) are shown in the plots. Numbers under each box indicate 
the number of data points in each RH bin.  
The Fp–OC relationship: The dependence of Fp on OC mass also differed 




between Fp and OC (r2 = 0.35) (for Fp and AMS OM correlation, r2 = 0.28), and the 
median Fp from the binned data is strongly correlated with binned OC (r2 = 0.99) (for 
binned Fp and AMS OM correlation, r2 = 0.96), suggesting that the water-soluble SVOC 
partitioning was dependent on the mass concentration of the organic phase (OA). 
Although the characteristics of the absorbing organic phase are somewhat ambiguous 
[Song et al., 2007; Hallquist et al., 2009], in LA the absorbing medium is probably 
secondary organic aerosols since the dependence of Fp on AMS OOA mass was much 
stronger (r2 = 0.97 for binned data) than on HOA (hydrocarbon-like organic aerosol) 
mass (r2 = 0.63 for binned data). The correlation between Fp and OA was also consistent 
with the diurnal trends, where the daily peak of Fp coincided with the peaks of major 
SOA components such as WSOCp (Figure 5.1a) and SV-OOA. We note that the 
correlation between Fp and OC in LA might be partly due to the strong correlation 
between WSOCp and OC (r2 = 0.73) since the sampled air masses were advected from 
downtown LA, which tended to merge primary emissions and secondary formation 
processes and resulted in highly correlated air masses. However, the Fp dependence on 
OC is not likely to be solely driven by the correlated air masses since a tighter correlation 
between WSOCp and OC was found in Atlanta (r2 = 0.79), where a similar dependence of 
Fp on OC mass was not observed. In Atlanta the Fp-OC relationship appeared to be more 
scattered and complex. There was only a weak dependence of Fp on OC at lower OC 
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Figure 5.3 Fp versus organic carbon (OC) mass in LA and Atlanta a) for the whole data 
sets as those presented in Figure 5.2, and b) for the two sub data sets where data are 
segregated for high and low RH levels (blue and red markers and lines, respectively). 
To better understand if some of the scatter in the Fp-OC relationship in both cities 
can be attributed to a RH effect on WSOC partitioning, the data were segregated into two 
sub data sets by high (above 70%) and low (below 70%) RH levels. Figure 5.3b shows 
that for the LA data, similar trends in the Fp-OC relationship for the two sub data sets, 
which followed the trend for all the data, were observed. The Fp values for the high RH 




particle phase at night when RH was generally higher. Hennigan et al. [2008a] also 
observed lower Fp values during nighttime relative to daytime, and attributed this 
difference in part to the diurnal variability of ambient oxidant or NOx levels. In Atlanta, 
however, the Fp-OC trends for the two sub data sets were distinctly different (Figure 
5.3b). For data with higher RH, there was no well-defined Fp-OC relationship, indicating 
the dominant role of liquid water in WSOC partitioning when ambient RH was 
sufficiently high. For data with lower RH, when no Fp-RH relationship was observed, 
there was nearly a linear dependence of Fp on OC (r2 = 0.94 for binned data), which was 
very similar to the trend observed in LA, suggesting that the absorbing phase for WSOC 
partitioning in Atlanta could shift from particle water, when sufficient LWC was present, 
to organic aerosols when the particles were generally drier. In the atmosphere, these two 
types of partitioning processes may occur simultaneously and shift in importance as the 
ambient RH changes dramatically throughout a diurnal cycle at the ground, or as particles 
experience increasing humidity as they are mixed towards the top of the boundary layer. 
For example, between 8:00 and 9:00 for 22 out of 36 days during the Atlanta sampling 
period, the hourly RH was above 70%, compared to zero days with an RH above 70% 
between the times of 14:00 and 15:00. However, despite lower RH during these afternoon 
periods (between 12:00 to 18:00), a similar dependence of Fp on RH as that seen for the 
whole data set was still observed (not plotted). In the previous study by Hennigan et al. 
[2009] that was conducted over 5 months (May to September 2007) in Atlanta, a clear Fp-
RH relationship was also found at any time during the day. In summary, our August data 
set suggests that during afternoon lower RH periods, partitioning to liquid water could 




5.3.2.4 Partitioning and WSOC production; optimal conditions for partitioning to 
water 
The comparison between LA and Atlanta Fp not only showed a difference in their 
diurnal trends and relationships with RH and OC, but also a significant difference in Fp 
magnitude. In Atlanta where the absorbing phase included particle water, the Fp levels 
were always measurably larger than those in LA (Table 5.2). On average, Fp in Atlanta 
(0.19 ± 0.07) was roughly twice that of LA (0.11 ± 0.05) (Table 5.1). The highest Fp 
correlates with highest RH, suggesting greater uptake of water-soluble SVOCs by 
dissolution to water compared to absorption by OA.   
For absorptive partitioning to particle water of the freshly formed SVOCs 
(WSOCg) to be an effective pathway to form SOA, both wet particles and sufficient 
oxidants are required. Although RH is the highest at night, all our analyses have shown 
that most WSOCp production in Atlanta is during daytime and hence driven by 
photochemical oxidation processes [Hennigan et al., 2009; Zhang et al., 2012a]. The 
optimal period for multiphase SOA formation is then before noon when aerosols are 
drying from the high RH period before sunrise, but could still remain wet due to their low 
efflorescence RH [Bertram et al., 2011]. As discussed in Sect. 5.3.2.2, there is evidence 
for this mechanism from the NO3- diurnal trend in LA (Figure 5.1) and the NO3- 
formation in the morning hours in Mexico City during a wet period (3/27 to 3/30/2006) 
[Hennigan et al, 2008b]. In Mexico City, NO3- and WSOCp were strongly correlated 
between 8:00 and 12:45, suggesting very similar atmospheric processes affecting the 
formation and loss of both species. Thus, it appears possible that some of the Mexico 




noted above, in Atlanta Fp remained high for a period extending into the early afternoon, 
when aerosols were most likely dry, allowing partitioning to shift to absorption by 
organic components. The data suggest that for the month of August, the increase in 
WSOCp within Atlanta likely involves a combination of partitioning to water and 
absorption to OA, with the former being most prevalent in the morning hours and the 
latter in the afternoon when WSOCp concentrations were highest. Recent laboratory 
studies, generally performed at low RH (~30%), have suggested the possibility of 
“glassy” SOA formation, a process that does not follow the equilibrium partitioning 
theory due to the slow diffusivity within the formed particles [Virtanen et al., 2010; 
Cappa and Wilson, 2011; Perraud et al., 2012]. Our ambient observations in this study 
do not show evidence for this process, but instead appear to confirm the importance of 
absorptive partitioning to OA as a source of WSOCp production in both LA and Atlanta.  
Contrasts between Fp-RH and Fp-OC relationships in LA and Atlanta are 
consistent with differences observed for other SOA components and properties, including 
partitioning of formic acid, oxalate formation pathways, and WSOCp light absorption 
properties (i.e. brown carbon). These additional contrasts discussed below support the 
differences in observed partitioning of bulk WSOC. 
5.3.3 Additional differences between LA and Atlanta 
5.3.3.1 Formic acid partitioning 
Liu et al. [2012] presents a detailed analysis of formic acid partitioning in LA and 
Atlanta based on the same studies discussed in this work. As a low molecular weight 
carboxylic acid, formic acid is volatile and is expected to be predominately in the gas 




few percent (~1-2%), yet the relationship of formic acid with RH differed in the two 
cities. In LA, formic acid p/g ratios generally showed limited correlation with RH, with 
the exception of a few episodes of overcast periods when photochemistry was 
suppressed. During these three brief 1 to 2 day periods formic acid p/g ratios on average 
followed increasing RH, providing evidence for gas-phase formic acid partitioning to 
liquid water, and the p/g ratios were the largest at these times (up to 10% when RH > 
90%). In contrast to LA, Atlanta formic acid p/g ratios behaved in a similar way as 
WSOC Fp, with higher p/g ratios at higher RH. Overall, the contrasts in formic acid 
partitioning between LA and Atlanta are similar to those in bulk WSOC.  
5.3.3.2 Contrasts in PM2.5 oxalate formation pathways 
Oxalate is one of the most ubiquitous carboxylic acids in tropospheric aerosols, 
contributing to a few percent of the total organic mass in the continental atmosphere 
[Kawamura and Ikushima, 1993; Huang et al., 2006; Sorooshian et al., 2007], and up to 
21% in the coastal Pacific atmosphere [Sorooshian et al., 2010]. In this study, oxalate 
ranged from 0.015 to 0.148 µg m-3 in LA and between 0.127 and 0.217 µg m-3 in Atlanta, 
comprising on average 2.0 % and 2.7 % of the total WSOCp on a carbon mass basis in LA 
and Atlanta, respectively (Table 5.1).  
Oxalate is mostly a product of secondary production processes with minor 
contributions from primary emissions such as biomass burning and fossil fuel combustion 
[Huang and Yu, 2007; Schmidl et al., 2008; Zhang et al., 2010; Myriokefalitakis et al., 
2011], and is often detected in the accumulation mode internally mixed with sulfate 




multiphase reactions. Laboratory studies have shown that oxalate can be formed from 
small aldehydes reacting with OH radical in the aqueous phase [e.g., Lim et al., 2010; 
Tan et al., 2010]. Gas-phase oxidation of parent organic species leading to oxalate is not 
well established [Warneck, 2003], but has been speculated based on ambient observations 
[Chebbi and Carlier, 1996; Sorooshian et al., 2006]. Since oxalate can be formed by 
condensation of gas-phase oxalic acid, as well as from multiphase reactions in the 
aqueous phase, differences in oxalate sources and formation mechanisms in LA and 
Atlanta provide insight on SOA formation pathways between these two urban 
environments. 
In LA and Atlanta we observed different oxalate diurnal trends and their 
association with WSOCp (Figure 5.1). In LA, the diurnal profile of oxalate was nearly 
identical to that of WSOCp, showing maximum concentration in the early afternoon 
tracking most SOA components. Oxalate was well correlated with WSOCp and OOA (r2 
= 0.68 and 0.73, respectively). Furthermore, as shown in Figure 5.4a, oxalate and 
WSOCp evolved together with increasing photochemical age, indicated by -log(NOx/NOy) 
[Kleinman et al., 2008], suggesting their common sources and formation mechanisms. 
Two branches (y-intercepts) are evident in Figure 5.4a and are attributed to different air 
mass histories. During CalNex sampling between May 29 and June 6, a general 
stagnation event in the LA basin led to a substantial increase in background levels for 
several species, including oxalate and LV-OOA (low-volatility OOA). The average 
nighttime concentration of oxalate increased substantially from 0.28 µg m-3 prior to the 
stagnation event (before May 29) to 0.63 µg m-3 during the event (after May 29), 
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Figure 5.4 Oxalate versus WSOCp as a function of photochemical age (indicated by –
log(NOx/NOy) in a) LA and b) Atlanta. 
Veres et al. [2011] measured several gas-phase organic acids during CalNex, such 
as formic, pyruvic/butyric and propionic acids, and concluded they were formed through 
rapid photochemical production within the urban plume. Oxalic acid appeared to be 
produced in a similar fashion as other measured organic acids; in the gas phase and 
partitioning to the condensed phase to form aerosol oxalate (note, no gas-phase oxalic 
acid data were available during CalNex). 
Higher average aerosol oxalate concentrations, as well as a larger fraction of 
oxalate in the total WSOCp, were found in Atlanta than in LA (Table 5.1). The larger y-
intercept value of oxalate versus WSOCp (Figure 5.4b) corresponds to a substantially 
higher background level of oxalate in Atlanta and is indicative of significant regional 
contribution, as has been observed for WSOCp [Zhang et al., 2012a] and other WSOCp 
components (soluble brown carbon) [Zhang et al., 2011]. Despite the much higher 




average nighttime concentration, roughly 1/6 of that observed in LA. Unlike LA where 
the diurnal trend of oxalate tracked WSOCp, in Atlanta oxalate peaked 2-3 hours later 
than WSOCp (Figure 5.1b), suggesting rapid formation through gas phase oxidation of 
parent VOCs followed by condensation was not an important source for Atlanta oxalate. 
The correlation between oxalate and WSOCp in Atlanta was weaker (r2 = 0.45) than in 
LA and was not related to photochemical age (Figure 5.4b), which further suggested that 
daytime WSOCp and oxalate were not formed by similar mechanisms. Instead, unlike LA 
where oxalate appeared to form in the gas phase and partition to the particle phase, in 
Atlanta oxalate trends appeared to be driven more by a regional contribution and possibly 
slower production through a multiphase reaction pathway.  
5.3.3.3 Contrasts in PM2.5 soluble brown carbon 
As discussed in Chapter 4, soluble light-absorbing organic aerosol (brown carbon) 
concentrations and their associations with WSOCp were substantially different between 
LA and Atlanta (Figure 5.1, bottom panel). Zhang et al. [2011] showed that in LA 
soluble brown carbon was correlated with WSOCp, and a detailed chemical analysis 
identified nitro-aromatics as one source for the colored organics. These two findings are 
consistent, as many chromophores associated with SOA are expected to contain aromatic 
moieties, and much of the SOA formed in the LA basin is linked to these similar 
anthropogenic precursors (i.e. aromatics) [Hersey et al., 2011; Zhang et al., 2011; 
Bahreini et al., 2012]. Focusing on the WSOCp that was freshly formed within each 
urban environment, the mass absorption efficiency at the wavelength of 365 nm (bulk 
absorption at 365 nm per WSOCp mass) was found to be 4-6 times higher in LA, 




chemically different from those in LA.   
5.4 Discussion 
Differences in WSOC and formic acid partitioning preferences, oxalate formation 
pathways, and the extent to which brown carbon was present in the freshly formed SOA 
between LA and Atlanta, all point to differences in SOA compositions and formation 
mechanisms within these two urban environments. Particle composition can affect what 
acts as the main absorbing phase. Our results suggest that absorption to aerosol water 
plays an important role in SOA formation within Atlanta, but not in LA. This difference 
could be caused by: 1) contrasting particle hygroscopicity, which determines the amount 
of water uptake by particles, affecting gas-particle partitioning and the extent of any 
subsequent condensed phase reactions; 2) different types of SVOCs that partition to the 
particle phase; and 3) other properties of the particle water, such as pH, which could 
influence the uptake of weak organic acids, a significant fraction (~40%) of the summer 
WSOCp in Atlanta [Sullivan and Weber, 2006]. A detailed discussion regarding the 
influence of particle pH on organic acid partitioning is reported by Liu et al. [2012] with 
respect to formic acid partitioning. The first two hypotheses are explored next. 
Particle hygroscopicity: Despite higher RHs in LA, differences in the actual 
amount of particle water could be a hypothesis to explain the greater propensity of 
Atlanta WSOCg to partition to particle water. However, the results from ISORROPIA-II 
model, summarized in Table 5.2, show that for RH ranging between 20-50%, the 
modeled LWC were comparable in LA and Atlanta, and for RH higher than 50%, LWC 
was predicted to be 2-3 times higher in LA than in Atlanta. The model does not consider 




thought to be minor given the much lower hygroscopicity of the organics relative to the 
inorganic components, such as (NH4)2SO4 [Jimenez et al., 2009]. Previous field studies 
conducted in similar locations and time periods as the present study have derived the 
hygroscopicity parameter κ. κ values ranged between 0.15 and 0.51, with an average of 
0.31 in LA (Pasadena) during spring-summer of 2009 [Hersey et al., 2011], and ranged 
between 0.05 and 0.52, with an average of 0.21 at an urban Atlanta site 2 km from the 
GIT campus in the summer of 2008 during the AMIGAS study [Padró et al., 2011]. The 
average RH levels during these two past studies and those in the current study were 
within ± 5%. 
Both thermodynamic calculations and field measurements suggest that the overall 
aerosol water contents were similar in the two urban environments during the study 
periods discussed here (LA: May-June, Atlanta: August) and may not have a major 
impact on the different SOA partitioning pathways. However, since the actual 
concentrations of the particle water that the SVOCs partitioned to were not explicitly 
measured in these studies, some uncertainty remains. For example, one could expect that 
the organic fraction of fine particles in the southeast to be more hygroscopic since it was 
composed of a significant fraction of regional, aged aerosols, relative to the large fraction 
of freshly-formed SOA that were more hydrophobic in LA [Zhang et al., 2011; Zhang et 
al., 2012a]. This hypothesis is also supported by, as discussed in Sect. 3.3.2, the much 
higher fraction of oxalate aerosol in the total WSOCp in Atlanta than LA. Although the 
organic fraction may not greatly affect the amount of particle water present in these 
regions, it could have an important impact on the actual uptake of various gaseous 




hydrophobic or hydrophilic surface layers [Bertram et al., 2011; You et al., 2012]. You et 
al. [2012] have shown clear evidence that Atlanta ambient particles could undergo liquid-
liquid phase separation below 70% RH with an inner phase of ammonium sulfate and an 
outer phase of secondary organic material, which may explain the dependence of Fp on 
OC mass in Atlanta when RH was low. Zuend and Seinfeld [2012] also suggest that 
WSOC does not necessarily partition to the aqueous phase but rather to the hydrophilic 
organic phase due to liquid-liquid phase separation and salting-out effects at lower RH 
range. More information on the behavior of aerosol liquid phases as a function of RH in 
both Atlanta and LA is needed to better understand the role that phase separation plays in 
WSOC uptake by particles.  
VOC emissions: Although the exact role that the organic aerosol composition 
plays in WSOC partitioning is not clear, the type of SVOCs that partition may partially 
determine what the dominant absorbing phase is. LA and Atlanta have large differences 
in the mix of VOCs that could lead to SOA. Anthropogenic VOCs and isoprene emission 
fluxes from emission inventories are summarized in Table 5.1. In LA, anthropogenic 
hydrocarbons are the dominant VOCs emitted and the likely SOA precursors [Hersey et 
al., 2011; Williams et al., 2010], which have been confirmed by radiocarbon analysis on 
CalNex PM1 filters [Zhang et al., 2011]. In Atlanta, the emissions of anthropogenic 
VOCs are significantly less, approximately half of that in LA, consistent with a lower 
urban population density. In contrast, the emission of isoprene is predicted to be 5 times 
higher in Atlanta due largely to the greater presence of isoprene-emitting vegetation. 
Other biogenic VOC emissions, such as monoterpenes emission, are also substantially 




secondary WSOCp in Atlanta in the summer is largely modern (~70 to 80%) [Weber et 
al., 2007]. Based on the brown carbon data, Zhang et al. [2011] concluded that the daily 
freshly-formed WSOCp within the city of Atlanta was most likely biogenic SOA. A 
number of other ambient studies have also shown preferential formation of biogenic SOA 
in polluted environments [Goldstein et al., 2009; Spracklen et al., 2011; Worton et al., 
2011; Setyan et al., 2012].  
The effect of biogenic VOCs may be that it not only influences the absorbing 
phase, but also results in oxidized VOCs and SVOCs that are more likely to partition to 
water. Laboratory studies have shown that isoprene is highly reactive with OH radical 
and in the presence of high NOx concentrations, the isoprene oxidation produces low 
molecular weight products (e.g., glyoxal and methylglyoxal) that could undergo reactive 
uptake by wet aerosols, and given sufficient time, transform to stable products [Liggio et 
al., 2005a, 2005b; Lim et al., 2010]. Satellite observations of glyoxal columns indicate 
significantly higher amounts of glyoxal in the southeastern U.S. than along the west coast 
[Myriokefalitakis et al., 2008], likely due to a greater abundance of vegetation that emits 
the glyoxal precursor. Contrasting VOC emissions are consistent with differences in 
observed WSOC characteristics (color) and trends in specific aerosol components 
(oxalate). 
5.5 Conclusions 
Ambient measurements of gas and particle phase water-soluble organic aerosols 
were conducted in Pasadena, CA (as part of the CalNex-LA campaign) and Atlanta, GA 




fraction of total WSOC in the particle phase, Fp, exhibited differing relationships with 
ambient RH and organic carbon mass in the two urban environments. Consistent with 
previous studies, in Altanta Fp was correlated with RH and inferred particle water content 
from a thermodynamic model. The correlation was observed throughout the day and was 
especially prevalent in the morning, when RH was higher. During the drier period (RH 
below 70%), Fp was found to have a dependence on OC mass, suggesting that in Atlanta 
during August, both particle water and organic components could serve as the 
partitioning absorbing phase, depending on ambient conditions. In contrast, in LA the 
diurnal variation of Fp did not track RH. As a result, no correlation was found between Fp 
and RH, despite a much higher average RH and predicted particle water content in LA 
relative to Atlanta. Instead, Fp scaled well with OC mass, consistent with SVOCs 
partitioning to the organic phase, as observed in environmental chamber studies. 
Besides the contrast in WSOC partitioning behavior between LA and Atlanta, a 
number of other differences, including oxalate formation pathways (discussed in this 
paper), WSOC light-absorbing properties [Zhang et al., 2011], and partitioning of formic 
acid [Liu et al., 2012], were observed between these two urban environments. Many of 
the differences may be attributed to different SOA precursors within the two urban 
environments, resulting in different types of SOA, and possibly SOA formation 
mechanisms. Both cities have abundant anthropogenic VOC emissions from fossil fuel 
combustion, with Atlanta having an additional large source of biogenic VOCs in the 
summer. These ambient observations show direct evidence for different gas-particle 






CONCLUSIONS AND FUTURE WORK 
 
6.1 Summary of the major findings 
6.1.1 Sources of PM2.5 and WSOC in the southeastern United States  
The first part of the dissertation (Chapter 2 and 3) is devoted to a detailed analysis 
of chemical composition of ~900 24-hr integrated FRM Teflon filters, in conjunction of 
other data sets that include remotely sensed fire counts and online measurements of 
WSOC at an urban/rural pair. The objective is to better understand the sources and 
formation processes of PM2.5 and WSOC in the southeastern U.S., a region featuring 
outstanding biogenic emissions of SOA precursors, moderate extent of anthropogenic 
pollution, and seasonally varied impact from biomass burning emissions.  
First, through a comparative examination of two biomass burning tracers, i.e. 
levoglucosan and K+ from the FRM PM2.5 samples, it is found that the abundance of 
levoglucosan exhibits a distinct seasonal pattern characterized by a maximum in winter 
and a minimum in summer, which corresponds to the seasonally varied biomass burning 
emission activities as indicated by MODIS fire counts. By contrast, K+ is evidently 
subject to impact from multiple sources including biomass burning and mineral dust. It is 
concluded that levoglucosan could serve as a robust tracer of biomass burning 
emission contributions to ambient PM2.5. 
Through covariance analysis of major PM2.5 components using PMF, factors that 
are linked to different sources, i.e. biomass burning, secondary formation processes and 




are estimated. Secondary formation processes leading to sulfate and SOA are found 
to be the largest source of PM2.5 in all seasons. WSOM (2.0 times WSOC) and 
ammonium sulfate together contributed up to 71% at urban and 78% at rural sites of the 
total PM2.5 mass. Biomass burning contribution varies with season, reaching up to 
27% of the total PM2.5 mass in winter, and is almost negligible during summer (2%).  
Next, utilizing the ambient concentration of the validated biomass burning tracer, 
levoglucosan, as a criteria, FRM samples with negligible influence (levoglucosan<50 ng 
m-3) from biomass burning are segregated and further analyzed to investigate the sources 
and formation of secondary WSOC in the southeast. The spatiotemporal variations of 
WSOC are examined together with those of sulfate as a reference, of which the formation 
process is better understood. WSOC shows very similar seasonality as sulfate, 
characterized by a maximum in summer, apparently corresponding to enhanced 
photochemistry, temperature, and biogenic VOC emissions, but the links between WSOC 
and biogenic emissions are not yet clear given the same behavior of sulfate. Spatially, 
sulfate and WSOC are fairly uniform across the 15 FRM sampling sites in the southeast, 
suggesting a relatively well-mixed and slowly ventilated atmosphere over this region 
that facilitates secondary processing of gas precursors and aerosol components. As a 
result of the unique meteorology and topography, the aerosols in the southeast are 
generally much more aged than those in other regions, e.g., the west coast. The two PMF 
factors that explained most of the variability of FRM WSOC in the summer may be 
attributed to two differed SOA formation routes, i.e. condensed phase reactions that 
lead to the formation of WSOC, aerosol oxalate and brown carbon, and the other 




associated with sulfate.  
On the smaller spatial scale, while a broad consistency is found for the inter-site 
gradients of isoprene emission and WSOC concentration, likely due to the considerable 
contribution from biogenic precursors to SOA formation, a marked urban/rural 
gradient is observed from both FRM filter data and online WSOC measurements at 
an urban/rural pair (Atlanta/Yorkville), highlighting the importance of 
anthropogenic contribution to SOA formation in urban areas. While an 
anthropogenic enhancement effect (by 31%) of WSOC that is evidenced by concurrent 
increases of CO and NOx is found from the online measurements, such effect is found 
larger than that manifested by FRM samples (only 10% difference between Atlanta and 
Yorkville), which could be attributed to the loss of semi-volatile organic species which 
are enriched in urban atmosphere. Using the difference between the urban-rural WSOC 
and estimated boundary layer height, an average urban Atlanta WSOC production 
rate in August from morning to mid-afternoon was calculated to be 0.55 mgC m-2 
hr-1.  
Overall, this study characterizes the regional nature of fine aerosols in the 
southeastern U.S., confirming the importance of secondary organic aerosol and the 
roles of both biogenic and anthropogenic emissions. 
6.1.2 Comparative investigation of SOA formation pathways and optical properties in 
Atlanta and LA 
Analyses of the FRM filter samples and online WSOC measurements suggest that 




chemical processes with input from the substantial biogenic emissions over the region 
and is enhanced by anthropogenic emissions primarily in urban areas. As the second half 
part of the dissertation (Chapter 4 and 5), summertime online measurements of WSOC 
gas-particle partitioning and light absorption from Atlanta are analyzed to investigate the 
relative importance of the different chemical processes and the roles of anthropogenic 
and biogenic emissions in SOA formation. Given the unique VOC mixture resulted from 
both natural and anthropogenic emissions in Atlanta atmosphere, another urban area, i.e. 
LA that is a typical urban environment predominantly impacted by anthropogenic 
pollution with much less biogenic emissions, is chosen for comparison purpose, in light 
of the presumably differed SOA formation routes and chemical composition in these two 
cities. The concurrent measurements of chemical species in both gas and aerosol phases 
during the CalNex 2010 campaign provide valuable opportunity for comprehensive 
examination of SOA sources and formation in the LA area. 
A number of differences with respect to SOA formation and properties are found 
between these two urban environments. First, WSOC gas-particle partitioning, 
analyzed through the fraction of total WSOC in the particle phase, Fp, is found to exhibit 
differing relationships with ambient RH and organic aerosol mass in Atlanta and 
LA. Consistent with previous studies, in Atlanta Fp was well correlated with RH, 
suggesting the importance of water uptake and subsequent condensed phase chemistry 
leading to aqueous SOA; whereas in LA, Fp is well correlated with OC mass, consistent 
with partitioning of SVOC to the organic phase as observed in environmental chamber 
studies. In addition, WSOC light absorption is also different in these two urban 




defined as the bulk absorption per soluble carbon mass at 365 nm, was found to be 4 
to 6 times higher in LA than in Atlanta. Interpreting soluble brown carbon as a 
property of fresh anthropogenic SOA, the difference in the MAE between these two cities 
suggests most fresh secondary WSOC formed within Atlanta is not from an 
anthropogenic process similar to LA. The results between LA and Atlanta suggest that 
water-soluble brown carbon can be a prevalent component of SOA freshly produced from 
anthropogenic compounds and a useful tool to investigate SOA formation processes. 
Overall, many of these ambient observations in the southeastern United 
States, as well as the distinct differences observed between Atlanta and LA, may be 
attributed to different SOA precursors within the two urban environments, resulting 
in different types of SOA, and possibly SOA formation pathways. Both cities have 
abundant anthropogenic VOC emissions from fossil fuel combustion, with Atlanta having 
an additional large source of biogenic VOCs in the summer. These contrasting results in 
the two urban environments show direct evidence for different SOA chemical 
composition and partitioning behaviors and provide insights on SOA formation 
mechanisms that vary with location. 
6.2 Recommendations for future work 
The scientific findings resulted from this thesis are important for better 
understanding SOA sources, formation pathways and properties. In particular, this work 
provides context and reference for future field studies with a focus on characterizing the 
aerosols in the southeastern U.S., such as the forthcoming 2013 The Southern Oxidant 




conjunction with the measurements utilized in this study would provide valuable insights 
and help address the subsequent questions coming out of this work. Some 
recommendations for future research are summarized below. 
6.2.1 Chemical characterization of brown SOA 
Our results presented in Chapter 4 show that most of the speciated organic 
compounds exhibited a positive relationship with bulk absorption at 365 nm (bap365), yet 
the absorption from individual compound accounted for only a few percent of the total 
absorption. The sample chromatograph from the UPLC-DAD showed the presence of a 
large “unresolved complex mixture”, which urges the further effort in chemical 
speciation of brown SOA. While nitro-aromatic compounds are identified as one 
important component of brown SOA from anthropogenic sources, little is known about 
the chemical composition of ambient light-absorbing biogenic SOA. Using UPLC/ESI-Q-
ToFMS operated in positive ion mode, a few nitrogen-containing compounds, likely 
amines, imines and amides, are identified, yet their molecular structures and ambient 
abundance have not been fully determined. The light-absorbing organic aerosol is a 
ubiquitous component of regional SOA in the southeastern U.S. [Hecobian et al., 2010; 
Zhang et al., 2011], likely resulting from slow ageing processes of biogenic SOA as 
suggested by laboratory studies [Shapiro et al., 2009; Sareen et al., 2010]. Thus, it would 
be informative to perform chemical speciation on samples collected from rural sites and 
compare the results with brown SOA constituents produced in urban environments. 
In addition, Hecobian et al. [2010] have shown that biomass-burning aerosols are 
highly absorbing, on average three times more absorbing than samples with minimum 




samples collected throughout the southeast. It would be useful to compare the 
contribution of those identified nitro-aromatic species to the bulk absorption at 365 nm 
for biomass burning sample and non-biomass burning sample. It is found that 4-
nitrocatechol (C6H5NO4) contributes more than 40% of the total light absorption in cloud 
water that is influenced by biomass burning (Yury Desyaterik, personal communication), 
whereas from our results, 4-nitrocatechol as the largest single contributor among the six 
identified nitro-aromatics, contributed only 1.4% of the total bulk WSOC absorption 
(Table 4.2). 
6.2.2 Understanding the optical importance of brown carbon 
An important question that remains to be answered is how optically important is 
brown carbon with respect to black carbon (BC). Simultaneous optical measurements 
using PSAP or multi-wavelength aethalometer to quantify the total absorption together 
with bulk measurement of soluble and total brown carbon would make absorption closure 
analysis possible. The mass absorption efficiency (MAE) of soluble and total brown 
carbon can be compared with that of BC at different wavelengths (e.g., 365 nm and 532 
nm), and the extent of absorption enhancement due to the presence of brown carbon can 
be inferred. It would be useful to make such measurements in different locations (i.e. 
urban and rural areas) to examine the relative importance of brown carbon absorption at 
UV and visible ranges. Furthermore, since so far the brown carbon measurements were 
made from bulk aqueous and methanol extracts, no direct information can be provided to 
estimate direct radiative forcing of brown carbon. Therefore, characterization of the size 





6.2.3 Investigating the gas-particle partitioning of single organic compound 
While the gas-particle partitioning of bulk WSOC provides valuable information 
of the partitioning behavior between the overall SVOCs and SOA, studying the 
partitioning of individual organic compounds would provide additional insights. During 
the spring-summer of 2010 in LA and Atlanta, gas and particle phase formic acid was 
measured concurrently with measurements of WSOCg and WSOCp. The partitioning 
preference of formic acid in the two cities differed, consistent with the partitioning 
behavior of bulk WSOC, providing additional contrast between the two environments. 
Formic acid is the most abundant organic acid in the gas phase, whereas oxalic acid is the 
most ubiquitous carboxylic acid condensed phase component, comprising 2.0% of the 
total WSOCp in LA and 2.7% in Atlanta on a carbon mass basis. Furthermore, oxalate is 
a product of aqueous phase chemistry and often used as a tracer compound for such 
reactions [Zhang et al., 2012a]. It is speculated that oxalate aerosol would form in the 
aerosol water and thus the oxalic acid particle/gas ratio would have a positive relationship 
with ambient RH. For these reasons, studying the partitioning of oxalic acid and 
comparing it with the partitioning of bulk WSOC would help characterize the chemical 
nature of WSOCp and enhance the overall understanding of WSOC partitioning. 
Specifically, a modified Chemical Ionization Mass Spectrometer (CIMS) that can 
alternatively quantify oxalic acid and other organic acids in both gas and particle phases 
with a high time-resolution would be a useful tool to study the partitioning behavior of 
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